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ABSTRACT
Over 2×1011 kilograms of ammonia are produced globally per year by the Haber-Bosch
process which combines molecular hydrogen and nitrogen to synthesize ammonia. Most is used
for fertilizer and agriculture while the remaining is used for other purposes including industrial
processes and explosives. Explosives used in the mining industry are commonly ammonium
nitrate (𝑁𝐻4 𝑁𝑂3 )-based. Excess ammonia and nitrate which can be dissolve into mine runoff
water during blasting. Ammonia in mine and mineral wastewater can range from 20-110 mg/L.
Ammonia is also present in several types of industrial wastewater such as caustic soda solutions
used in the oil re-refining industry for removal of sulfur compounds from hydrocarbon streams.
These waste streams are known as sulfidic caustic solution (SCS) or spent caustic.
This thesis concerns the treatment of ammonia in two distinct types of industrial
wastewaters in order to meet specific discharge criteria. The first industrial wastewater is a low
ammonia concentration WWTP effluent (2 – 6 mg/L TAN as N) from a gold mine in Alaska. The
other is an extremely high (6000+ mg/L TAN as N) concentration sulfidic caustic solution from
oil re-refining. It was hypothesized that that for the low concentration of ammonia mine water,
which had low turbidity and relatively simple water chemistry, advanced separation
technologies such as ion-exchange, zeolite and membrane filtration, and electrocoagulation
would work well compared to alternative treatment options. For the highly complex matrix oil
refining caustic solution, it was expected that a straightforward commonly used ammonia
removal technology, such as breakpoint chlorination would work very well.
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Laboratory column and batch testing using ion-exchange adsorption and
chloramination were performed using actual waters contaminated with ammonia. For the low
level mine water, several ion-exchange resins and zeolites were tested and compared based on
the amount of water that could be treated per unit volume of resin. For the high concentration
ammonia water linear regression relationships were determined which model the removal of
ammonia as a function of the applied chlorine dose.
For the mine water with low levels ammonia it was found that the number of bed
volumes in which ammonia was removed with BRZ increased with increasing EBCT and
decreasing potassium concentration. It was also found that temperature of a 5 °C did not
significantly impact the removal. For removal of ammonia from SCS solution, applied chlorine
doses needed to remove ammonia were measured between 2.54 and 2.01 [Cl₂]/[N]. In
conclusion the results obtained from this investigation and implications described can be used
to assist in the design of systems to remove of ammonia from wastewaters of similar
characteristics.
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CHAPTER 1 – PROBLEM STATEMENT

Over 2×1011 kilograms of ammonia are produced globally per year by the Haber-Bosch process
which combines molecular hydrogen and nitrogen to synthesize ammonia. 80% of produced
ammonia is used for fertilizer and agriculture. The remaining 20% is used for other purposes
including industrial processes and explosives (Giddey et al., 2014). Ammonia used for
agriculture that is not lost to surface runoff or infiltration becomes part of the food supply and
eventually makes its way to landfills or municipal waste water treatment plants. Explosives
used in the mining industry are commonly ammonium nitrate (𝑁𝐻4 𝑁𝑂3)-based. Most of the
nitrogen in these explosives is converted to nitrogen gas upon detonation. However, up to 6%
remains as excess ammonia and nitrate which can be dissolved into mine runoff water (Forsyth
et al., 1995). Ammonia in mine and mineral wastewater can range from 20-110 mg/L
(Sanmugasunderam et al., 1987).
Ammonia is also present in several types of industrial wastewater and needs to be pre-treated
prior to discharge to a municipal wastewater plant. Caustic soda solutions used in the oil rerefining industry for removal of sulfur compounds from hydrocarbon streams may contain
ammonia. During caustic scrubbing, compounds are absorbed resulting in waste streams known
as sulfidic caustic solution (SCS) or spent caustic (de Graaff et al., 2011, Hawari et al., 2015, Ben
Hariz et al., 2013, Üresin et al., 2015). SCS is a dark brown to black effluent with high alkalinity
(pH > 12), salinity (5–12 wt. %) and high sulfide levels (1–4 wt. %), and other toxic aromatic
compounds (Sulfidic Caustic Solution MSDS, 2013). Prior to discharge of spent caustic to a
1

wastewater treatment facility, advanced oxidation is used to treat sulfide and toxic organic
compounds (Ahmad et al., 2009). Caustic solutions also absorb a large amount of ammonia if it
is present during the re-refining process which may not be removed in the pretreatment
process. Depending on the WWTP influent limits, the ammonia may need to be reduced in
order to meet discharge standards.
Ammonia discharge in to water bodies is a major contamination concern. Ammonia has both
acute and chronic effect on aquatic life and is also contributing factor to eutrophication of the
environment. Toxic effects of ammonia on aquatic life include gill damage, decreased blood
oxygen-carrying capacity, ATP inhibition, liver and kidney damage (EPA, 2013). In the US, the
regulation of ammonia in surface water is covered by the Clean Water Act. At standard
conditions (pH 7, T = 20°C) the maximum chronic concentration for freshwater is 1.9 mg TAN/L.

Research Objectives
This thesis concerns the treatment of two distinct types of industrial wastewaters in order to
meet specific discharge criteria. The first industrial wastewater is a low ammonia concentration
WWTP effluent (2 – 6 mg/L TAN as N) from a gold mine in Alaska. The other is an extremely
high (6000+ mg/L TAN as N) concentration sulfidic caustic solution from oil re-refining. In order
to meet discharge criteria for these industrial wastewaters all ammonia nitrogen must be
removed.
It was hypothesized that that for the low concentration of ammonia mine water, which had low
turbidity and relatively simple water chemistry, advanced separation technologies such as ionexchange, zeolite and membrane filtration, and electrocoagulation would work well compared
2

to alternative treatment options. For the highly complex matrix oil refining caustic solution, it
was expected that a straightforward commonly used ammonia removal technology, such as
breakpoint chlorination, may be the technology of choice. This is because the caustic nature of
the wastewater left many other technologies less suitable.
This thesis includes a description of the chemistry of aqueous ammonia solutions followed by a
literature review of all known ammonia removal technologies documented in the literature.
The last two chapters are manuscripts focusing on applications of ammonia removal
technologies to treat the previously mentioned industrial wastewaters containing ammonia.
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CHAPTER 2- STATE OF THE KNOWLEDGE: AMMONIA AND TECHNOLOGIES TO
REMOVE AMMONIA FROM WATERS
Water Chemistry of Ammonia
In aqueous solutions, ammonia exists in both an ionic and non-ionic form. The combined
concentration of the ionic and non-ionic form is total ammonia nitrogen, or TAN. Ammonia gas
is highly soluble in water (Budavari, 1996) and combines with water to produce ammonium and
hydroxide in a proportion that depends on temperature and pH. (Eq. 1, 2, and 3)
1-3) (Emerson et al., 1975, Wood 1993).
𝑁𝐻3(𝑎𝑞) + 𝐻2 𝑂 ↔ 𝑁𝐻4+ + 𝑂𝐻 −

Eq. 1

𝑇𝐴𝑁

𝑁𝐻4+ = 1+10𝑝𝐻−𝑝𝐾𝑎 = 𝑇𝐴𝑁 − 𝑁𝐻3
𝑝𝐾𝑎 = 0.09018 + (

2729.92
273.2+𝑇(°𝐶)

Eq. 2

)

Eq. 3

Figure 1 shows the how the predominance of aqueous nitrogen compounds (ammonia,
nitrogen gas and nitrate) changes depending the reduction potential (Eh) and pH, while the
predominance of ammonia and ammonium ions depends on pH.
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Figure 1 - Diagram of dominant aqueous N species defined by Eh and pH axes (Takeno, 2005)

Biological Removal of Ammonia
Conventional Nitrification / Denitrification
Conventional nitrification and denitrification are commonly used biological methods of
ammonia nitrogen removal from municipal wastewater. This method can also be used to treat
industrial wastewaters, but at higher ammonium concentrations, the process is inhibited due to
the toxic effect of ammonia on nitrifying bacteria (Loehr, 1974). Nitrification is the conversion
of ammonia nitrogen to nitrite and further to nitrate. Denitrification is the anoxic conversion of
nitrate to nitrogen gas for total nitrogen removal.
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Nitrification occurs in two steps each performed by two distinct genera of microorganisms. The
first step is the biological oxidation of ammonia to nitrite (Eq. 4). Oxidation of nitrite is carried
out by ammonia-oxidizing archaea (AOA) (Hatzenpichler, 2012) and ammonia-oxidizing bacteria
(AOB) (e.g. Nitrosomonas). The process is aerobic and consumes alkalinity as the carbon source.
The second step of nitrification is heterotrophic oxidation of nitrite to nitrate (Eq. 5) by nitrite
oxidizing bacteria (NOB), e.g. Nitrobacter and Nitrospira. Oxidation of nitrite also requires
oxygen but does not consume alkalinity. However, all nitrifying microbes are chemoautotrophs
and thus use carbon dioxide / alkalinity as their carbon source and will also uptake ammonia as
the nitrogen source for cellular synthesis (Eq. 6).
Denitrification is carried out by heterotrophic facultative anaerobic bacteria. Denitrification
occurs in the absence of free oxygen, requires an electron donor (e.g. organic carbon such as
methanol, acetate, etc.), and consumes acid; that is, it results in increased alkalinity. (Eq. 7)
(Water Environment Federation, 2011).
𝑁𝐻4+ + 1.5𝑂2 → 𝑁𝑂2− + 2𝐻 + + 𝐻2 𝑂

Eq. 4

2𝑁𝑂2− + 𝑂2 → 2𝑁𝑂3−

Eq. 5

4𝐶𝑂2 + 𝐻𝐶𝑂3− + 𝑁𝐻4+ + 𝐻2 𝑂 → 𝐶5 𝐻7 𝑁𝑂2 + 5𝑂2

Eq. 6

2𝑁𝑂3− + 10𝑒 − + 12𝐻 + → 𝑁2 + 6𝐻2 𝑂

Eq. 7

Nitrification can either be carried out as a suspended growth process or an attached growth
process. Suspended growth reactors include complete mix, plug flow and sequencing batch
reactors. Attached growth processes can be a trickling filter or a rotating bio-contactor (WEF,
2010). Configurations for denitrification include an anoxic zone within the treatment train or a

sequencing batch reactor where aeration is intermittent. Depending on operating parameters,
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a wide range of treatment options are available, depending on how much nitrification and
denitrification are required for the particular application. Typical design parameters for all of
these processes are well documented in design literature (Metcalf & Eddy, 2003).
Typical influent streams for nitrification processes include municipal wastewaters and non-toxic
industrial waste waters. Denitrification depends on availability of organic carbon; requiring
supplementation if necessary (e.g. methanol). Nitrification and denitrification are commonly
implemented using activated sludge, a suspended growth process. Microorganisms in activated
sludge require pH within the range of 6.0 to 9.0 with an optimal pH near neutral (Metcalf &
Eddy, 2003). Temperature plays a significant role in the design of nitrification / denitrification
systems, nutrient uptake rate and microbial growth rate with increased growth rate at higher
temperatures (Metcalf & Eddy, 2003). Finally, nitrification / denitrification systems require
solids separation and return systems which add to their complexity.
Nitritation
Nitritation is a process which takes advantage of the fact that ammonia oxidation and nitrite
oxidation are facilitated by separate organisms. By providing an environment suiTable for AOA
and AOB but not for NOB survival, the nitrification process is short circuited so that once
ammonia is oxidized to nitrite, it is not further oxidized to nitrate.
Nitritation was first demonstrated in 1997 using the SHARON process (Hellinga et al., 1998). At
temperatures above 26°C, the kinetic growth rate of ammonium oxidizers is significantly higher
than that of nitrite oxidizers (Schmidt et al., 2003). Thus if the retention time of the sludge
matches the growth rate of the ammonium oxidizing bacteria, the nitrite oxidizing bacteria will
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be washed out. The result is an activated sludge which contains ammonia oxidizing bacteria but
no nitrite oxidizing bacteria. The reactor for the SHARON process can be as simple as a wellmixed aerated flow through reactor with no return flow (Verstraete and Philips, 1998). The
SHARON process is ideal for high ammonia nitrogen waste waters (>500 mg/L NH3-N). Full scale
SHARON process reactors have been implemented for ammonia nitrogen removal of digested
sludge reject water with 90% conversion rates with reduced oxygen requirements (van Kempen
et al., 2001).
Instead of washing out the nitrite oxidizing bacteria, it has also been demonstrated in the
laboratory that nitritation may be induced by maintaining a very low oxygen concentration
(~5% air saturation). The low concentration of oxygen in the water has an inhibitory effect on
nitrite oxidizing bacteria (Schmidt et al., 2003).
Anoxic Oxidation (Anammox)
The main body of research pertaining to anoxic oxidation of ammonium is related to the
anammox process. However a few papers have suggested a non-anammox ammonia oxidation
pathway as well (Sabumon, 2007; Sabumon, 2008; Sabumon, 2009; Anjali and Sabumon, 2014).
Anammox stands for “anaerobic ammonium oxidation”, however the process is actually anoxic
due to the reliance on the presence of nitrite which contains bound oxygen. Discovered in
1999, the anammox process involves a special type of bacteria that are able to oxidize ammonia
and reduce nitrite simultaneously to produce nitrogen gas (van de Graaf et al., 1996). As of
2015, globally there are 114 full scale anammox reactors and the number is steadily growing
(Ali and Okabe, 2015).
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There are five known genera of anammox bacteria; Candidatus Brocadia, C. Kuenenia, C.
Scalindua, C. Anammoxoglobus and C. Jettenia (Jetten et al. 2009). Within an anammox
bacterium the reduction of nitrite to nitric oxide occurs first (Eq. 8). Then, nitric oxide is
reduced while ammonia is oxidized to produce hydrazine (Eq.9). Finally, oxidation of hydrazine
to nitrogen gas occurs (Eq. 10). As can be seen by the overall equation (Eq. 11) only half of the
ammonia needs to be oxidized to nitrite prior to the anammox process. This translates to a
significant reduction in required oxygen compared to conventional denitrification.
𝑁𝑂2− + 2𝐻 + + 𝑒 − → 𝑁𝑂 + 𝐻2 𝑂

Eq. 8

𝑁𝑂 + 𝑁𝐻4+ + 2𝐻 + + 3𝑒 − → 𝑁2 𝐻4 + 𝐻2 𝑂

Eq. 9

𝑁2 𝐻4 → 𝑁2 + 4𝐻 + + 4𝑒 −

Eq. 10

𝑁𝐻4+ + 𝑁𝑂2− → 𝑁2 + 2𝐻2 𝑂

Eq. 11

In contrast to conventional denitrification, the anammox process uses nitrite rather than nitrate
as the electron acceptor and uses ammonia as the electron donor instead of organic
compounds (e.g. in form of COD). The suitability of the anammox process to a particular
application depends greatly on the ratio of organic carbon to ammonia nitrogen in the water
(COD/N ratio) (Ma et al., 2015). A high COD/N ratio (or the presence of methanol even at low
concentrations) has been found to severely inhibit anammox bacteria activity (Ali and Okabe,
2015). This is because the slow growing anammox bacteria, with a doubling time of 11 to 20
days (Jetten et al. 2009), cannot compete with heterotrophic denitrifying bacteria for electron
acceptors in the presence of COD. However, due to nitrate production being small a byproduct
of anammox bacteria (Wang et al., 2015), at low COD/N ratios anammox and denitrifying
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bacteria have been shown to work harmoniously to achieve higher nitrogen removal rates than
anammox alone (Liang et al., 2014).
An extensive body of literature has been published pertaining to the combination of partial
denitrification / SHARON process and anammox (Ghulam Abbas et al., 2014). Anammox
bacteria thrive in high temperatures (25-35°C) (Ma et al., 2015).
Studies by Sabumon (2007, 2008, 2009) produced results that suggest a non-anammox pathway
for ammonia oxidation in the presence of organic carbon. The proposed action by Sabumon in
2007 was due to the possibility of H₂O₂ formation from facultative organisms under stress being
converted by the catalase enzyme to oxygen and water. This trace amount of oxygen was
proposed as the electron acceptor for nitritation. More recently, Anjali and Sabumon (2014)
interestingly refer to the same phenomenon as “an unknown mechanism … involved in the
anaerobic ammonium oxidation during fermentation by the enriched mixed culture” without
referring to the H₂O₂/catalase hypothesis.
Removal of Ammonia by Algae
When using algae for ammonia removal, nitrogen is primarily converted in to biomass through
cellular synthesis of fast growing photosynthetic microorganisms. Use of algae in ammonia
removal has a threefold benefit: removal of inorganic nitrogen; sequestration of CO ₂; and
production of potentially valuable biomass for animal feed or biodiesel production (Park et al.,
2010). The third point is often debated due to alternative fuel sources currently available and
the cost effectiveness of mass production of biodiesel (Liu, Clarens and Colosi, 2012). The
sequestering of CO₂ comes from the fact that microalgae consume CO₂ as their carbon source,
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but this is not the focus of this discussion. The most relevant point in this discussion is the
removal of inorganic nitrogen, more specially ammonium. Ammonium serves as a primary
nutrient along with phosphate and inorganic carbon for photosynthesis, producing oxygen and
biomass as a byproduct. Park et al. (2010) found that the green alga Scenedesmus sp. was able
to efficiently uptake ammonium in concentrations up to 100 mg/L NH₄⁺-N and less efficiently up
to 500 mg/L NH₄⁺-N. Considerations relevant to the future design are depletion of magnesium
and alkalinity in the water, requiring supplementation to avoid growth attenuation. The final
requirement Park et al. mention is the need for aeration to replenish CO₂ and strip out excess
O₂. Kligerman and Bouer (2015) conclude that treatment of municipal wastewater in Brazil
could offset treatment costs by selling biomass for biodiesel production. Chen et al. (2012)
propose using influent ammonia as a flocculant to reduce extraction costs for algae. They
reported 99% removal of ammonia in 12 hours using ammonia induced flocculation.
Removal of Ammonia by Microbial Fuel Cell
The simplest microbial fuel cell (MFC) consists of an anode and cathode within a reactor
separated by a cation exchange membrane. Within the anode chamber, high COD/ammonia
wastewater (e.g. anaerobically digested sludge, high strength animal wastewater (Kim et al.,
2015, Sotres et al., 2015) and bacteria are introduced under anaerobic conditions. When the
bacteria degrade COD they liberate electrons which are then transferred directly to the anode
(Santoro et al., 2015). The build-up of electrons on the anode causes a voltage to develop
between the anode and cathode. This voltage can be used to do work, but it also causes an
attraction of positively charged ions from the solution towards the cathode. Ammonium, being
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a positively charged ion is therefore attracted to the cathode, passes through the exchange
membrane and is concentrated this way.
Many modifications of the simple MFC just described have been tested in a laboratory setting
specifically for the purpose of ammonia removal (Table 1). Virdis et al. (2007) demonstrated
oxidation of COD at the anode and anoxic reduction of nitrate to nitrogen gas at the cathode by
using an external aerobic nitrification stage to convert ammonia to nitrate. Sotres et al. (2015)
used intermittent aeration within the cathode chamber. The cathode chamber acted as a
sequencing batch reaction for nitrification and denitrification. Xie et al. (2013) demonstrated
that the dissolved oxygen level in the cathode chamber had a direct influence on the rate of
nitrification and used microbial methods to verify that nitrification was being performed by the
Nitrosomonas bacterium. Zhang et al. (2013) used a three-chambered MFC. The middle
chamber was partitioned with an anionic exchange membrane between the anode and a cation
exchange membrane between the cathodes. By feeding synthetic wastewater through the
middle chamber, the ammonia migrated to the cathode chamber which was aerated
continuously. As nitrification occurred, the cathode acted as an electron donor for
simultaneous denitrification.
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Table 1 – MFCs tested in the literature
Influent
Supernatant
from
anaerobically
digested swine
wastewater
effluent
Ethanolamine
wastewater

Parameters
4199±27 ppm
TAN
73,828±1804
ppm TCOD

Removals
61.6% COD

Reactor
Air-Cathode
MFC

Voltage
0.6 V

Source

1000 ppm
Acetate

90% COD
36.3% NH₄⁺

Air Cathode
MFC with
Biological Fe(III)
reduction

0.4 V

Shin et al.,
2015

99.7% NH₄⁺ in
48 Hours

Ammonia
Oxidation MFC

98.5±1.41
mV

Xie et al.,
2013

30.4% NH₄⁺-N
17.8-41.2%
NO₃⁻-N
6.3-9.4 hr HRT

Simultaneous
Nitrifying/Denitrifying
cathode MFC

Not
Measured

Sotres et al.,
2016

74.1-89.4%

Three
chambered
MFC

302-468
mV

Zhang et al.,
2013

77.5% NH₄⁺ in
36 days

300 ppm NH₄⁺
Synthetic
Wastewater
Synthetic High
strength animal
wastewater
Synthetic
Wastewater

6250-18750 ppm
EDTA
250 ppm-N
2.9 g/L Sodium
Acetate
3.82 g/L NH₄Cl
3.75 g/L Glucose
(anode)
1.02 g/L Glucose
(cathode)
100 ppm-N
(center)

NH₄⁺
98-147 hr

Kim et al.,
2015

Chemical (Redox) Removal of Ammonia
Break Point Chlorination
The process of removing ammonia from aqueous solution by addition of chlorine is referred to
as breakpoint chlorination. The applied chlorine dose is measured as chlorine, 𝐻𝑂𝐶𝑙 𝑜𝑟 𝐶𝑙2 ,
(Eq. 12 and 13). Figure 2 is an illustration of the relationship between the total measured
chlorine residual and ammonia nitrogen concentration relative to the applied chlorine dose.
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𝐶𝑙2(𝑎𝑞) + 𝐻2 𝑂 ↔ 𝐻𝑂𝐶𝑙 + 𝐻𝐶𝑙

Eq. 12

𝐾𝐻 = 4.48 × 104 𝑎𝑡 25°𝐶 (White, 1972)
𝐻𝑂𝐶𝑙 ↔ 𝑂𝐶𝑙 − + 𝐻 +

Eq. 13

𝐾𝑎 = 3.7 × 10−8 𝑎𝑡 25°𝐶 (Morris 1966)

Figure 2 – Sketch of a typical breakthrough curve (adapted from Lee, 2007)

The first region of Figure 2 shows that the incremental application of chlorine to aqueous
solutions of ammonia results in an increased total chlorine residual with no change in ammonia.
All chlorine added in this region combines with ammonia forming chloramines (Eq. 14, 15, and
16). Chloramines are made up of the three species of chlorinated ammonia compounds:
monochloramine, 𝑁𝐻2 𝐶𝑙; dichloramine, 𝑁𝐻𝐶𝑙2 ; and trichloramine (aka nitrogen trichloride),
𝑁𝐶𝑙3 . The concentrations of monochloramine and dichloramine at a given chlorine dose will
depend on the pH of the solution (Eq. 17) (McKee et al., 1960). Figure 3 shows how the
14

theoretical ammonia and combined chlorine concentrations change up until the 2:1 molar ratio
at a pH of 4, 7 and 10, ignoring trichloramine formation. Trichloramine is highly reactive with
ammonia (Eq. 18), monochloramine (Eq. 19), dichloramine (Eq. 20) (Yiin and Margerum, 1990,
Jafvert and Valentine, 1992) and other compounds (Soltermann, Canonica and von Gunten,
2015). Trichloramine will not typically be found in this region for this reason. However, as the
pH drops below 5 the stability of trichloramine in this region increases (McKee et al., 1960).
With increased chlorine dose and continuing combined chlorine generation, at some point
(depending on pH) monochloramine and dichloramine species in the water begin to react and
decompose into sTable product constituents: 𝑁2 , 𝐻2 𝑂, 𝐶𝑙 − , 𝐻 + and 𝑁𝑂3− (Jafvert and Valentine
1992). This is represented by a decrease in the total chlorine residual and ammonia nitrogen
concentration in Region II of Figure 2. A complex series of reactions and intermediate reactions
involving dichloramine and monochloramine occur leading up to the breakpoint, after which,
theoretically, no ammonia will remain. Wei and Morris (1974) first proposed (but did not verify)
that NOH radicals form when dichloramine reacts with water. NOH radicals then react with
monochloramine or dichloramine to produce nitrogen gas and hydrochloric acid. Saunier and
Selleck (1979) modified Wei and Morris’ model, suggesting (but not verifying) that dichloramine
reacts with water and hydroxide to form hydroxylamine, 𝑁𝐻2 𝑂𝐻, which then reacts with free
chlorine to form NOH. The overall reaction assuming the NOH radical intermediate is shown in
Eq. 21. Pressley et al. (1972) observed that between 1% (pH 5) and 15% (pH 8) of ammonia
nitrogen is converted to nitrate at breakpoint as well although at a much slower rate than the
nitrogen gas forming reactions (Eq. 22). Summaries of the kinetic models developed by Morris
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and Wei (1974); Saunier (1976); Strenstrom and Tran (1983); and Jafvert and Valentine (1992)
have been compiled by Linling (2014).
Ideally, at chlorine doses beyond the breakpoint (2:1 molar ratio of chlorine to nitrogen), all
additional added chlorine will be free chlorine, i.e. not chloramines (Figure 2, Region II).
However, at these higher chlorine doses free chlorine rapidly destroys compounds that would
be reactive with trichloramine, thus causing trichloramine to become more sTable (Soltermann,
Canonica and von Gunten, 2015). Schmalz et al. (2010) observed the impact of pH and the
presence of 18 different nitrogenous substances on the formation of trichloramine at the 5:1
molar ratio of chlorine to nitrogen. Their results verify the persistence of trichloramine at high
chlorine doses, and that this effect is enhanced in the lower pH range.
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(A)

(B)

(C)

Figure 3 – Theoretical speciation of ( ) monochloramine, ( ) dichloramine and ( ) free
ammonia depending on [Cl₂]/[NH3-N] dose at (A) pH 4; (B) pH 7; (C) pH 10
The equilibrium reactions for breakpoint chlorination are shown below:
𝐻𝑂𝐶𝑙 + 𝑁𝐻3 ↔ 𝑁𝐻2 𝐶𝑙 + 𝐻2 𝑂

Eq. 14

𝐻𝑂𝐶𝑙 + 𝑁𝐻2 𝐶𝑙 ↔ 𝑁𝐻𝐶𝑙2 + 𝐻2 𝑂

Eq. 15

2𝑁𝐻2 𝐶𝑙 ↔ 𝑁𝐻𝐶𝑙2 + 𝑁𝐻3

Eq. 16

𝐾𝑒𝑞 =

[𝑁𝐻4+ ][𝑁𝐻𝐶𝑙2 ]
[𝐻 + ][𝑁𝐻2 𝐶𝑙]2

= 6.7 × 105 @ 25°𝐶

Eq. 17

2𝑁𝐶𝑙3 + 3𝑁𝐻3 → 2𝑁𝐻2 𝐶𝑙 + 𝑁2 + 3𝐻𝐶𝑙 + 3𝐻2 𝑂

Eq. 18

𝑁𝐻2 𝐶𝑙 + 𝑁𝐶𝑙3 + 𝐻2 𝑂 → 𝑁2 + 𝐻𝑂𝐶𝑙 + 3𝐻𝐶𝑙

Eq. 19

𝑁𝐶𝑙3 + 𝑁𝐻𝐶𝑙2 + 2𝐻2 𝑂 → 𝑁2 + 2𝐻𝑂𝐶𝑙 + 3𝐻𝐶𝑙

Eq. 20

𝑁𝐻2 𝐶𝑙 + 𝑁𝐻𝐶𝑙2 → 𝑁2 + 3𝐻𝐶𝑙

Eq. 21

𝑁𝐻𝐶𝑙2 + 2𝐻𝑂𝐶𝑙 + 𝐻2 𝑂 → 𝑁𝑂3− + 5𝐻 + + 4𝐶𝑙 −

Eq. 22
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Electrochemical Removal of Ammonia
Electrochemical oxidation of ammonia (ECOA) is induced by passing an electric current through
an aqueous solution containing ammonia. This process is more generally referred to as
electrolysis. The overall effectiveness of ECOA depends on many key factors: electrode
composition, current density, halogen ion concentration, and pH (Candido and Gomes, 2011, Li
and Liu, 2009). These factors come together to determine if oxidation will occur and to what
degree oxidation occurs (i.e., oxidation to nitrogen gas, nitrite or nitrate).
The most common anode materials in ECOA are platinum and other noble metals and alloys
(Bunce and Bejan, 2011). Candido and Gomes (2011) tested Pt, Ti/RuO2 DSA (dimensionally
Stable anode), Ni, anodized Al and graphite anodes and concluded that anodized aluminum and
nickel electrodes did not have sufficient corrosion resistance for ammonia oxidation.
Prior to 2012, much of the literature regarding ECOA in the presence of chloride assumed that
the process could be described in terms of, or is analogous to, breakpoint chlorination (Li and
Liu, 2009, Liang et al., 2011, Alfafara et al., 2004, Candido and Gomes, 2011). Since electrolysis
of 𝐶𝑙 − forms 𝐶𝑙2(𝑎𝑞) (Eq. 23) and 𝐶𝑙2(𝑎𝑞) hydrolyzes to form 𝐻𝑂𝐶𝑙 (as described in the previous
section), this assumption seems reasonable.
2𝐶𝑙 − → 𝐶𝑙2 + 2𝑒 −

Eq. 23

However, research has shown that in ammonia solutions with appreciable 𝐶𝑙 − , 𝑁2 evolution
begins immediately upon electrolysis start up. This eventually results in virtually complete
ammonia nitrogen removal with no significant chloramine concentration at any point in the
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bulk solution (Li and Liu, 2009, Gendel and Lahav, 2012). In other words there is no detecTable
breakpoint curve during ECOA.
One theory proposed to explain this phenomenon is superchlorination, which states that
localized high concentrations of HOCl form around the anode which causes extremely fast
formation of monochloramine, dichloramine and trichloramine (Vijayaraghavan, Ramanujam
and Balasubramanian, 1999). Thus, breakpoint chlorination is occurring, but only in a localized
region where it may not be detected.
Gendel and Lahav (2012) call in to question superchlorination given that one would expect
superchlorination to occur when high concentrations of 𝑁𝑎𝑂𝐶𝑙 are added during breakpoint
chlorination; however that has never been reported in the literature. In batching testing, they
demonstrated the presence of a localized low pH region (pH  2.08) around the anode during
electrolysis. Based on computer simulations, they suggest that this low pH region causes the
chlorine speciation equilibrium to shift towards 𝐶𝑙2(𝑎𝑞) and away from 𝐻𝑂𝐶𝑙. Further testing
demonstrated that dosing of aqueous solutions of ammonia with 𝐶𝑙2(𝑔) (pH 8.0) resulted in
immediate total nitrogen reduction proportional to chlorine dose, without a breakpoint curve.
Gendel and Lahav propose that 𝐶𝑙2(𝑎𝑞) in the vicinity of the anode reacts (either directly or
through unknown intermediate reactions) with ammonia to form trichloramine. Any
monochloramine or dichloramine that forms from hydrolyzed chorine and ammonia will also
react with 𝐶𝑙2(𝑎𝑞) to form trichloramine as well, due to kinetic favorability of such reactions.
Once these highly reactive trichloramines are formed, as mentioned in the previous section,
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they oxidize ammonia, monochloramine and dichloramine to form nitrogen gas, explaining the
lack of a breakpoint curve.
In addition to ECOA by oxidation of halogen ions, ECOA by OH radicals has been suggested for
alkaline solutions and the topic has been reviewed in depth by Bunce and Bejan (2011). Li and
Liu (2009) found that ECOA in chloride-free ammonia solutions was minimal (less than 0.06%
removal) for ammonia concentration 31.9 and 1053 ppm-N with pH 7.0 and 9.2.
Photocatalytic Oxidation of Ammonia
Photocatalytic oxidation of ammonia uses 𝑇𝑖𝑂2 photocatalysts which are activated by UV light
to oxidize ammonia. When photons with sufficient energy (UVA, <380 nm, 3.2 eV) are absorbed
by 𝑇𝑖𝑂2, a charge separation occurs which promotes an electron in the valence band to the
conduction band. If the negatively charged electron, 𝑒 − , and positively charged electron hole,
ℎ+ , do not recombine quickly enough then a charge transfer occurs at the 𝑇𝑖𝑂2 surface which
facilitates a redox reaction (Fujishima and Honda, 1972). These redox reactions can directly
oxidize ammonia (Eq. 24, 25, 26, 27, and 28) (Altomare et al., 2012) or oxidize chloride to
produce active chlorine (Zanoni et al., 2004, Selcuk and Anderson, 2005) which in turn oxidizes
ammonia.
Efficiency of photocatalytic oxidation of ammonia using 𝑇𝑖𝑂2 depends on many factors
including oxygen concentration (Altomare et al., 2012, Shibuya, Sekine and Mikami, 2015),
initial total nitrogen concentration (Altomare et al., 2012), pH (Zhu et al., 2005, Pollema et al.,
1992), activity of different 𝑇𝑖𝑂2 photocatalysts (Altomare and Selli, 2013, Altomare et al., 2015,
Kropp et al., 2009), intensity of UV irradiation (Altomare et al., 2012, Zhu et al., 2005),
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concentration of suspended catalyst concentration (Zhu et al., 2005) and salinity (Zanoni et al.,
2004, Pollema et al., 1992). The impact of these factors plays a role in the selectivity of the
oxidation process towards the final product (𝑁2 , 𝑁𝑂2− or 𝑁𝑂3− ) and what percent of the initial
concentration will be converted.
The activity of the 𝑇𝑖𝑂2 photocatalyst largely depends on the crystal structure of the TiO₂
catalyst itself. Commonly tested crystal structures are rutile, anatase (Altomare et al., 2012),
and brookite (Altomare et al., 2015). Anatase and rutile mixed phase TiO₂ photocatalysts such
as Degussa P25 have shown higher activities than that of their single phase components alone
(Hurum et al., 2003). Hurum et al. (2003) believes this to be due a more sTable charge
separation as a result the two phases working together. Development of highly efficient and
specialized types of 𝑇𝑖𝑂2 based photocatalysts are very much a continued area of research (Reli
et al., 2015, Pan et al., 2015).
The pH of the solution to be treated for ammonia should be alkaline in order to optimize
photocatalytic oxidation. Zhu et al., (2005) found no significant ammonia oxidation occurring
below pH 7. This is thought to be because of the interaction between surface charges of the
photocatalyst and the positive charge of the 𝑁𝐻4+ cation at neutral and above pH (Bravo et al.
1993, Shibuya, Sekine and Mikami, 2015). In order to maintain ammonia removal, pH
adjustment may be necessary to keep the pH in the region conducive to oxidation due to the
generation of acid during oxidation (Pollema et al., 1992).
Kropp et al., (2009) found ammonia removal rate increased with increase salinity, lending
support to the idea that chlorine and bromide form HOCl and HOBr in situ. The photocatalytic
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oxidation of ammonia can either be performed with a suspension of 𝑇𝑖𝑂2 particles or with a
photoanode.
Altomare et al. (2012) found that their ammonia solution irradiated under low intensity UV light
(1.5 × 10−6 𝐸𝑖𝑛𝑠𝑡𝑒𝑖𝑛 𝑠 −1 𝐿−1 ) in the absence of 𝑇𝑖𝑂2 photocatalyst did not cause UV
photolysis of ammonia. However Zhu et al., (2005) found, using a bulb intensity of 8.7 ×
10−4 𝐸𝑖𝑛𝑠𝑡𝑒𝑖𝑛 𝑠 −1 , a significant conversion of ammonia to nitrite and nitrogen gas in the
absence of 𝑇𝑖𝑂2 photocatalyst. Additionally, Altomare et al., (2012) found a strong correlation
between the 𝑇𝑖𝑂2 concentration and the predominant form of nitrogen found after oxidation,
incomplete oxidation to nitrite/nitrate/nitrogen gas occurred at concentrations below 1 g/L and
near complete oxidation to nitrate occurring at concentrations in the range of 1 g/L.
The use of an electrically charged, 𝑇𝑖𝑂2 coated, photoanode catalyst for ammonia removal is
called photoelectrocatalytic oxidation (Kropp et al., 2009). A voltage bias is applied between the
photoanode and cathode while the photoanode is irradiated with UV light. The voltage bias is
thought to decreases the recombination rate of the charge separation leading to higher
efficiencies than in photocatalytic oxidation alone (Selcuk and Anderson, 2005). Additionally,
photoelectocatalytic removal of ammonia using a nanotube arrays as the photoanode are an
active area of research (Liu et al., 2014, Wang et al., 2014).
4𝑁𝐻3 + 3𝑂2 + ℎ𝑣 → 2𝑁2 + 6𝐻2 𝑂

Eq. 24

𝑁𝐻3 + 𝑂2 + ℎ𝑣 → 𝑁𝑂2− + 3𝐻 +

Eq. 25

2𝑁𝑂2− + 𝑂2 + ℎ𝑣 → 2𝑁𝑂3−

Eq. 26

𝑁𝐻3 + 2𝐻2 𝑂 + ℎ𝑣 → 𝑁𝑂2− + 5𝐻 +

Eq. 27

𝑁𝑂2− + 𝐻2 𝑂 + ℎ𝑣 → 𝑁𝑂3− + 2𝐻 +

Eq. 28
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Ammonia Oxidation with Ozone
Ammonia oxidation by ozone may proceed either directly from the ozone molecule or indirectly
by oxidation of bromide. Direct oxidation of ammonia by the ozone molecule is relatively slow
(Haag, 1984) and produces nitrate and therefore does not remove total nitrogen (Eq. 29). High
efficiency removal of ammonia by ozone only occurs in the presence of bromide ions (Yang,
Uesugi and Myoga, 1999). The reason for the importance of bromide as opposed to chloride (or
iodide) is because the oxidant formation rate constant with ozone and bromide is exceptionally
larger than the rate constants for the others (Tanaka and Matsumura, 2003) resulting in
noticeable ammonia nitrogen removal only in the presence of ozone and bromide (Tanaka and
Matsumura (2003). Tanaka and Matsumura (2003) demonstrated that treatment of ammonia
solutions using ozone in solutions containing 𝐼 − and 𝐶𝑙 − was not perceivably different than in a
solution without any halogen ions at all. However, bromide showed a significant impact: less
nitrate formation and more total nitrogen removal (Eq. 30, 31, and 32). Additionally, Yang,
Uesugi and Myoga, (1999) demonstrated that the amount of nitrate as nitrogen formed as a
percent of total nitrogen increases significantly when the Br/N ratio is less than 0.4.
The evolution of 𝑁2 (Eq. 32) consumes alkalinity, but only molecular ammonia can react with
𝐻𝑂𝐵𝑟 (Eq. 30). Tanaka and Matsumura, (2003) has shown that when compared to an
unbuffered solution, the addition of alkalinity plays an important role in ammonia oxidation,
oxidation ceases entirely below pH 3.
4𝑂3 + 𝑁𝐻3 → 𝑁𝑂3− + 𝐻 + + 𝐻2 𝑂

Eq. 29

𝐻𝑂𝐵𝑟 + 𝑁𝐻3 → 𝑁𝐻2 𝐵𝑟 + 𝐻2 𝑂

Eq. 30

𝐻𝑂𝐵𝑟 + 𝑁𝐻𝐵𝑟2 → 𝑁𝐵𝑟3 + 𝐻2 𝑂

Eq. 31
23

2𝐻2 𝑂 + 𝑁𝐻𝐵𝑟2 + 𝑁𝐵𝑟3 → 𝑁2 + 3𝐵𝑟 − + 2𝐻 + + 2𝐻𝑂𝐵𝑟

Eq. 32

Ammonia Removal by Ultrasonic Irradiation
Ultrasonic irradiation was investigated by Ozturk and Bal (2015) for the removal of ammonia
from aqueous solutions. Their research showed removal efficiencies between 8% - 64%.
Experimental variables tested for were power density, pH, initial ammonia concentration, and
sonication period. Higher removal efficiencies were found at higher pH, higher power densities,
higher sonication periods and lower initial ammonia concentrations. The proposed mechanism
was advanced oxidation by hydroxyl radicals as described in the hot-spot theory of
sonochemistry. No other literature pertaining to ammonia removal by ultrasonic irradiation
could be found. However, in the treatment of activated sludge with ultrasonic irradiation,
ammonia nitrogen concentration increases following treatment due to cell lysis and release of
intracellular nitrogenous compounds (Le, Julcour-Lebigue and Delmas, 2015).

Removal of Ammonia by Chemical (nonredox) Methods
Precipitation
Ammonia can be removed from the water phase by precipitation as solid phase. A very relevant
application of such principle is the precipitation of struvite (ammonium magnesium phosphate)
(Eq. 33).
Crystal formation begins first with nucleation of seed crystals. However, there is a lag, called
the induction period, between the time when the correct molar ratios are in solution and the
nucleation of seed crystals begins. The induction period is inversely proportional to the
supersaturation ratio (Eq. 34) and the pH due to its impact on solubility (Mehta and Batstone,
2013).
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At high supersaturation ratios nucleation occurs within the bulk solution (Rahman et al., 2014).
This is referred to as homogeneous nucleation, as the high activity of ions are able to overcome
the thermodynamic instability of the phase change from liquid to solid (Mehta and Batstone,
2013). At lower supersaturation ratios the presence of impurities within the water such as
colloidal material or surface boundaries will catalyze the reaction allowing crystals to form on
these solids. This is referred to as heterogeneous nucleation (Rahman et al., 2014). Finally, the
presence of already existing struvite crystals (either formed or added) allows for secondary
nucleation which greatly speeds up the generation of seed crystals. During secondary
nucleation, seed crystals form on the surface of existing struvite crystals and are then be
sheared off when the solution is mixed causing them to become independent (Rahman et al.,
2014). After nucleation, crystal growth proceeds as layers of struvite collect on the seed crystal.
The growth rate is affected the supersaturation ratio and pH as well as the temperature and
mixing conditions (Mehta and Batstone, 2013). Finally crystal growth can be inhibited by certain
interfering ions such as calcium (Huang, Yang and Li, 2014). The solubility of struvite decreases
at higher pH values, with the lowest solubility occurring above pH 10 (Galbraith, Schneider and
Flood, 2014). The mixing conditions supply the energy needed for secondary nucleation and
supplying crystals with more ions from the bulk solution. The removal of ammonia as part of
struvite is practiced in wastewater treatment recycle streams as a means to recover phosphate
economically (Valsami-Jones, 2004).
A novel process has been proposed that uses chlorine to decompose struvite, and the
remaining Mg and PO4 can be recycled to remove more ammonia. This process could be used to
extract the ammonia from a high COD wastewater, such as landfill leachate or anaerobic
25

digestor centrate. This method of ammonia extraction lowers the oxidation demand for more
efficient ammonia removal needs (Huang et al., 2014, Huang et al., 2015).
𝑀𝑔2+ + 𝑁𝐻4+ + 𝑃𝑂43− + 6𝐻2 𝑂 → 𝑀𝑔𝑁𝐻4 𝑃𝑂4 ∙ 6𝐻2 𝑂
𝜎=(

{𝑀𝑔2+ }{𝑁𝐻4+ }{𝑃𝑂43− }
𝐾𝑠𝑝

)−1

Eq. 33
Eq. 34

Removal of Ammonia by Yucca Schidigera Extract (YUPE)
Yucca schidigera (YUPE) is a plant native to southwestern USA and Mexico and has gained
interest for its ability to reduce ammonia concentration safely in fresh and salt water in
aquaculture applications.
YUPE has been shown to remove up to 0.07 𝑚𝑔 𝑁𝐻3 ⁄𝑚𝑔 𝑌𝑈𝑃𝐸 from synthetic aquaculture
water with equilibrium occurring between 24 and 72 hours (Santacruz-Reyes and Chien, 2009).
When comparing YUPE containing reactors to non-YUPE containing control reactors with post
larval shrimp, ammonia was detected in the control reactors while the YUPE reactors had no
ammonia formation (Santacruz-Reyes and Chien, 2010). During shrimp feeding, addition of
YUPE showed a reduction in ammonia leaching of up to 83% from the feed (Santacruz-Reyes
and Chien, 2012).
The mechanism by which YUPE reduces ammonia has not been elucidated. Santacruz-Reyes
and Chien (2009) have ruled out the possibility of nitrification or any other microbial action and
stress the need for further investigation to isolate the compound responsible for ammonia
removal.
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No studies have been carried out for the ability of YUPE to remove ammonia from high
concentrations of ammonia. From its low removal by weight it may not be practical to use in
such applications.

Removal of ammonia by synthetic Ion-Exchange and Zeolites
Synthetic IX
The Ion exchange process is the exchange of an ion of similar charge from a liquid phase with
ions electrostatically bound to an insoluble resin phase (Eq. 35).
𝐵̅ + 𝐴 ↔ 𝐵 + 𝐴̅

Eq. 35

Where the overbar represents the insoluble phase, and no bar represents liquid phase.
Modern synthetic ion exchange resins are polystyrene-divinylbenzene based resins with
charged functional groups. Sulfonic acid functional groups (−𝑆𝑂3 𝐻), referred to as strong-acid
cation-exchange resins have exchange properties for positive ions such as 𝑁𝐻4+ and 𝐶𝑎2+ . The
preference, or selectivity of ions to the insoluble phase within the resins can be represented by
a separation factor (Eq. 36):
[𝐵][𝐴̅]

𝛼𝐵𝐴 = [𝐵̅][𝐴]

Eq. 36

However the separation factors are not constants, they only represent the equilibrium point of
the exchange isotherm and also changes depending on conditions under which it is measured
(Jackson and Pilkington, 1986). Strong acid cation exchange resins have selectivities that follow
the following series (Alchin, 1998):
𝐹𝑒 3+ > 𝐴𝑙 3+ > 𝑃𝑏 2+ > 𝑆𝑟 2+ > 𝑪𝒂𝟐+ > 𝐶𝑜2+ > 𝑁𝑖 2+ > 𝐶𝑢2+ > 𝑍𝑛2+ > 𝑴𝒈𝟐+ > 𝑀𝑛2+
+
+
+
2+
> 𝐴𝑔+ > 𝐶𝑠 + > 𝐶𝑑 2+ > 𝑲+ ≈ 𝑵𝑯+
𝟒 > 𝑵𝒂 > 𝐻 > 𝐿𝑖 > 𝐻𝑔
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Although synthetic ion exchange resins have a low selectivity for ammonium as opposed to
alkaline earth metals, they have high capacity and rapid kinetics (Alexandratos, 2009), with
equilibrium occurring within seconds of contact time (Kaušpėdienė and Snukiškis, 2006).
Zeolite IX
Zeolites are aluminosilicate minerals, which consist of SiO₄ and AlO₄ tetrahedra. The Al(III)based tetrahedra have a residual negative charge that is balanced with loosely bound extra
framework cations such as Na⁺, K⁺, Ca²⁺ and Mg²⁺. The tetrahedra are organized in a framework
structure which contains open cavities. These open cavities contain bound water and the extra
framework cations which can be exchanged without altering the framework, thereby making
zeolite an excellent ion exchange media candidate. There are many different kinds of zeolite,
but clinoptilolite is the most commonly used zeolite for ammonia removal due to its abundance
and selectivity for ammonia. The channel configurations for clinoptilolite are listed in Table 2.
The average hydrated radii for commonly exchanged cations in water treated for ammonia
removal are listed in Table 3. When comparing the channel dimensions of clinoptilolite with the
average hydrated radii one can see that the diffusivity of ammonium and potassium should be
higher than magnesium and calcium due to size exclusion.
Table 2 – Characterization of Framework Channels in Clinoptilolite (Inglezakis and Zorpas, 2012)
Channel Dimensions (Å)

Ring Type

Channel Axial Orientation

7.5 x 3.1

10

001

4.7 x 2.8

8

001

4.6 x 3.6

8

100
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Table 3 – Average Hydrated Radius of Cations Commonly Used with Zeolite Ion Exchange
(Conway, 1981)
Cation

Hydrated Radius (Å)

NH₄⁺

3.31

Ca²⁺

4.12

Mg²⁺

4.28

Na⁺

3.57

K⁺

3.31

The following are the Ion selectivity rankings of clinoptilolite for various ions according to Ames
(1960):
K⁺ > NH4⁺ > Na⁺ > Ca²⁺ > Fe²⁺ > Al²⁺ > Mg²⁺ > Li⁺
Based on selectivity, the presence of potassium cations will be an important consideration in
ammonium removal with clinoptilolite. Compared to non-selective synthetic ion exchange
resins, where ionic charge has a significant impact on selectivity, the higher charge calcium and
magnesium ions are actually less selective than ammonium. However, the reliance on diffusivity
of ions through nano-scale channels as opposed to macroporous synthetic resins, the kinetics of
clinoptilolite will be much slower.
Various research studies have shown that clinoptilolite in practice only has a capacity of about
0.7 meq/g in its natural state, while higher capacities are achieved after the zeolite has been
pretreated or regenerated with a high concentration NaCl or NaOH solution to put it in to a
Na+-form (Table 4).
Table 4 – Various studies which show the cation-exchange-capacity (CEC in meq/g) of various
zeolites tested.
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Form

CEC
(meq/g)

Chinese Zeolite, clinoptilolite

Natural

0.58

Wang, Lin and Pang, 2007

Iranian Zeolite (clinoptilolite)

Natural

0.65

Ashrafizadeh, 2008

Chilean Zeolite
(Clinoptilolite/Mordenite)

Natural

0.68

Englert and Rubio, 2005

Na+
Natural
Biofilm
Modified

0.85
0.87 - 1.39

Zeolite Type

Iranian Zeolite (clinoptilolite)
Clinoptiolite (4 kinds)
Chinese Zeolite

0.93

Reference

Ashrafizadeh, 2008
Langwaldt, 2008
Jinlong, 2010

New Zealand mordenite

Natural

0.933 1.198

Zhou and Boyd, 2014

Italian phillipsite tuff

Natural

0.95

Ciambelli et al., 1984

Na+

1.03

Du et al., 2005

Natural

1.05

Nguyen and Tanner, 1998

Modified Na-Y
Modified

1.07
1.13

Wang, Lin and Pang, 2007
Jinlong, 2010

Natural

1.16

Nguyen and Tanner, 1998

Chinese Zeolite (clinoptilolite)
clinoptilolite
Chinese Zeolite (clinoptilolite)
Chinese Zeolite
Mordenite
Na-mordenite

Na-MOR

1.21

Wang, Kmiya and
Okuhara, 2007

Natural zeolite (clinoptilolite)
Synthetic (chabazite)

Natural
Na+

1.22
2.68

Ding and Sartaj, 2015
Langwaldt, 2008

𝑝𝐾𝑎

𝑁𝐻4+ ↔ 𝑁𝐻3 + 𝐻 + , 𝑝𝐾𝑎 = 9.25

Eq. 37

At higher pH values the equilibrium of Eq. 37 shifts towards the right and neutral ammonia
molecules dominate. Only the positively charged ammonium ion can participate in the ion
exchange process, therefore the efficiency of ion exchange will decrease at higher pH values.
However, at low pH, positively charged hydrogen ions compete for exchange sites on the
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zeolite (Koon and Kaufmann, 1975). The optimum pH for zeolite ion exchange has been
demonstrated to be at exactly pH 6 (Du et al., 2005). Zeolite performs well even at low
temperatures (Koon and Kaufmann, 1975). Zeolite, like synthetic ion exchange resins can be
regenerated and reused. Methods of regeneration include chemical regeneration with sodium
chloride or sodium hydroxide.
As described earlier, the kinetics of zeolite are relatively slow so that the empty bed contact
time (EBCT) or bed volumes per hours (BV/h) plays a significant factor in the total bed volumes
(BV) treated. Additionally, the presence of competing ions impacts the performance of zeolite
ion exchange columns (Table 5).
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Table 5 – Various column tests showing relationship of operating parameters on BV treated
EBCT
(min)

BV/h

Feed Solution
(mg/L)

Breakthrough
(mg/L NH₄⁺N)

BV

Reference

90

NH₄⁺-N:
Ca²⁺:
Mg²⁺:
Na⁺:
K⁺:

17
34
9
56
12

2

165

Ciambelli et al.,
1984

50

NH₄⁺-N:
Ca²⁺:
Mg²⁺:
Na⁺:

52
56.6
16.8
?

1

90

Ashrafizadeh,
2008

2.5

24

NH₄⁺-N:
Ca²⁺:
Mg²⁺:
Na⁺:
K⁺:

50.4
68
46
340
35

4

80

Liberti, 1981

2.5

24

NH₄⁺-N:

25

5

305

Du et al., 2005

3.6

16.6

NH₄⁺-N:
Ca²⁺:
Mg²⁺:
Na⁺:
K⁺:

16.6
26
5
13.3
0.9

1

230

Koon and
Kaufman, 1975

6.7

9.0

NH₄⁺-N:
Others:

10
?

1

40-55

Jinlong, 2010

7.5

8

NH₄⁺-N:
Ca²⁺:
Mg²⁺:
K⁺:

30
12
10
15

2.5

150

Cooney et al.,
1999

10

6

NH₄⁺-N:

25

5

390

Du et al., 2005

19.2

3.1

NH₄⁺-N:
Ca²⁺:
Mg²⁺:
Na⁺:
K⁺:

100
34
8
29
12

10

80

Nguyen and
Danner, 1998

20

3.0

NH₄⁺-N:
Na⁺:

50
127

5

290

Jorgensen and
Weatherly, 2006

26.7

2.2

NH₄⁺-N:
Others

20
?

2

420 - 425
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2.1

NH₄⁺-N:

4.5

0.5

1500 5000

0.67

1.2
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Jinlong, 2010
Langwaldt, 2008

Removal of Ammonium by Physical Separation
Air Stripping
Air stripping of ammonia is the physical separation of molecular ammonia from the dissolved
liquid phase to the gaseous phase. Henry’s law states that at equilibrium the partial pressure of
a gas above a liquid is proportional to the dissolved concentration of that gas in the liquid (Eq.
38). Aside from Henry’s constant, the mass transfer coefficient 𝐾𝐿 𝑎 is the key parameter that
quantifies the rate at which the exchange occurs based on the “two film theory”. The two film
theory describes the transfer of a volatile compound from bulk liquid to the liquid film, from
the liquid film to the air film and finally the air film to the bulk air. 𝐾𝐿 𝑎 may be determined
experimentally or estimated by the Onda’s correlation; Sherwood and Holloway correlation;
Shulman et al. correlation; and Bravo and Fair correlation.
The conventional air stripping process is the packed column air stripper. Packed column air
stripping uses a vertical tower in which liquid is fed from the bottom and a stripping gas or
steam is fed from the bottom. Packing media within the column increases the gas/liquid surface
area as they pass each other.
Design practices for air stripping columns are well established (LaGrega, Buckingham and Evans,
1994) while the technology is rarely used due to environmental concerns of the waste gas
stream (Tao and Ukwuani, 2015).
𝑃𝑔𝑎𝑠

𝐻=𝐶

Eq. 38

𝑙𝑖𝑞𝑢𝑖𝑑
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Membrane Distillation
A hollow fiber membrane contactor module consists of a bundle of hydrophobic microporous
fibers made of polymers such as polypropylene. When a solution containing a volatile
compound (such as ammonia at a high pH) is passed along the fibers, the surface tension of the
liquid phase prevents the liquid from passing through the pores, while volatilized compounds
are able to pass through and are able to be collected. Four types of membrane contactor
configurations described by Ding et al. (2006) can be used for this purpose. Once the volatilized
compounds pass through the membrane they may either be swept away by a carrier gas
(sweeping gas membrane distillation, SGMD), counter flowing liquid, e.g. acid (direct contact
membrane distillation, DCMD), a vacuum system (vacuum membrane distillation, VMD) or by a
cold plate (air gap membrane distillation, AGMD) which will condense and collect permeate on
the other side.
Typical specifications for a hollow fiber membrane contactor are shown in Table 6. Membrane
contactors for ammonia removal have numerous advantages over packed bed air stripping
columns: larger exchange area, easier operation, easier recovery of and capture of pollutant
streams, lower pressure drop, and lower capital and operation cost (Ashrafizadeh and
Khorasani, 2010).
Ashrafizadeh and Khorasani (2010) found that the mass transfer coefficient increases with pH
up until pH of 11 where further increase shows marginal mass transfer improvement. Xie et al.
(2009) found feed temperature the crucial operating factor correlating higher temperature to
increased permeate flux. El-Bourawi et al., (2007) found that decreased permeate pressure also
contributed to higher transmembrane flux.
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Table 6 – Design of various ammonia distillation membrane modules used in the literature
Geometry:
Membrane
material:
Fiber OD/ID:
Pore Diameter:
Porosity:

Hollow Fiber
Flat
Polypropylene/polyethylene
Polyvinylidene fluoride
PTFE

(Ashrafizadeh and Khorasani, 2010)

300/220 μm
0.03 μm
0.1-1 μm
40%
60%

(Hasanoğlu et al., 2010)

(Hasanoğlu et al., 2010)

(Ashrafizadeh and Khorasani, 2010)
(Tan et al., 2006)
(Hasanoğlu et al., 2010)

(Ashrafizadeh and Khorasani, 2010)
(Ding et al., 2006)

(Ashrafizadeh and Khorasani, 2010)
(Ding et al., 2006)

Microwave Radiation
Microwave volatilization of ammonia from wastewater was explored by Lin et al. (2009a). They
have shown that microwave radiation causes heating of the solution and consequent
evaporation of ammonia. However, when compared to conventional heating using an oven,
microwave radiation causes significantly more ammonia evaporation. The mechanism for this
increased removal are referred to as “non-thermal” effects by Lin et al. because it is possible
that the radiation itself plays some role in the volatilization. Two benefits of microwave
volatilization presented by the authors were higher removal of NH₄⁺-N than steam stripping.
The high temperature of MW radiation has the potential to inactivate pathogens. While
downsides consisted of high energy associated with MW radiation and frequent maintenance
and replacement of the reactor due to high temperatures. Ammonia concentrations ranging
from 500-12,000 ppm-N were treated with >96% removal. The process was highly dependent
on pH with 20% removal at pH 9, 80% removal at pH 10 and 98% removal at pH 11. In addition
to the bench scale experiments Lin et al. (2009ba) also conducted a pilot study scale on ammonia
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removal from coke wastewater with 80% removal of 5,000 L of water with between 2,400 and
11,000 mg/L ammonia using 4.8 kW power.
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CHAPTER 3- AMMONIUM REMOVAL FROM MINE WASTEWATER WITH ZEOLITE AND
ION-EXCHANGE RESINS
Introduction
Ammonia discharge into water bodies is a major contamination concern. Ammonia has both
acute and chronic effect on aquatic life and is also contributing factor to eutrophication of the
environment. Toxic effects of ammonia on aquatic life include gill damage, decreased blood
oxygen-carrying capacity, ATP inhibition, liver and kidney damage (EPA, 2013). One source of
industrial ammonia pollution comes from the use of ammonium nitrate (𝑁𝐻4 𝑁𝑂3 ) based
explosives in the mining industry. Most of the nitrogen in these explosives is converted to
nitrogen gas upon detonation. However, up to 6% remain as excess ammonia and nitrate which
can be dissolved in to runoff water (Forsyth et al., 1995). Ammonia in mine and mineral
wastewater can range from 20-110 mg/L (Sanmugasunderam et al., 1987). When treating mine
water for ammonia removal, the best available technology will be limited due to the
remoteness of the mine and the climate in cold regions. A mine in Alaska, for example, is both
very remote and located in a cold climate. Therefore many ammonia removal technologies such
as air stripping are not suitable, because it would not work well at low temperatures and at low
ammonia concentrations. Due to the low concentration of ammonia relative to the ammonia
capacity of ion exchange media and low turbidity and relatively simple matrix which would not
clog or foul the media, advanced separation technologies such as ion-exchange, zeolite would
work well. Previous studies have shown how ion exchange and zeolite are able to remove
ammonia from municipal wastewater, while fewer studies have shown its use in removal of
ammonia from industrial wastewaters. In this experiment, ammonia containing wastewater
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from a WWTP at an Alaskan goldmine was treated for ammonia removal using ion exchange
with synthetic resins (TP 207, MN 500, SST-60) and zeolite (BRZ and SIR-600) in order to test for
the ammonia removal efficiency under different operating conditions. There are no published
articles in the literature pertaining to ammonia removal from this specific type of wastewater
using ion exchange or zeolite.
The Ion exchange process is the exchange of an ion of similar charge from a liquid phase with
ions electrostatically bound to an insoluble resin phase. Modern synthetic ion exchange resins
are polystyrene-divinylbenzene based resins with charged functional groups. Sulfonic acid
functional groups (−𝑆𝑂3 𝐻), referred to as strong-acid cation-exchange resins have exchange
properties for positive ions such as 𝑁𝐻4+ and 𝐶𝑎2+ . Strong acid cation exchange resins have
selectivities that follow the following series (Alchin, 1998) with cations relevant to this
experiment highlighted in bold:
𝐹𝑒 3+ > 𝐴𝑙 3+ > 𝑃𝑏 2+ > 𝑆𝑟 2+ > 𝑪𝒂𝟐+ > 𝐶𝑜2+ > 𝑁𝑖 2+ > 𝐶𝑢2+ > 𝑍𝑛2+ > 𝑴𝒈𝟐+ > 𝑀𝑛2+
+
+
+
2+
> 𝐴𝑔+ > 𝐶𝑠 + > 𝐶𝑑 2+ > 𝑲+ ≈ 𝑵𝑯+
𝟒 > 𝑵𝒂 > 𝐻 > 𝐿𝑖 > 𝐻𝑔

Although synthetic ion exchange resins have a low selectivity for ammonium as opposed to
alkaline earth metals, they have high capacity and rapid kinetics (Alexandratos, 2009), with
equilibrium occurring within seconds of contact time (Kaušpėdienė and Snukiškis, 2006).
Zeolites are aluminosilicate minerals, which consist of SiO₄ and AlO₄ tetrahedra. The Al (III)
based tetrahedra have a residual negative charge that is balanced with loosely bound extra
framework cations such as Na⁺, K⁺, Ca²⁺ and Mg²⁺. The tetrahedra are organized in a framework
structure which contain open cavities. These open cavities contain bound water and the extra
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framework cations which can be exchanged without altering the framework; making zeolite an
excellent ion exchange media candidate. There are many different kinds of zeolite but
clinoptilolite is the most commonly used zeolite for ammonia removal due to its abundance and
selectivity for ammonia. Ion selectivity ranking of clinoptilolite for various ions Ames (1960):
K⁺ > NH4⁺ > Na⁺ > Ca²⁺ > Fe²⁺ > Al²⁺ > Mg²⁺ > Li⁺
Based on selectivity, the presence of potassium cations will be an important consideration in
ammonium removal with clinoptilolite. Compared to non-selective synthetic ion exchange
resins, where ionic charge has a significant impact on selectivity, the higher charge calcium and
magnesium ions are actually less selective than ammonium. However, the reliance on diffusivity
of ions through nano-scale channels as opposed to macroporous synthetic resins, the kinetics of
clinoptilolite will be much slower. However zeolite performs well even at low temperatures
(Koon and Kaufmann, 1975). A more in depth review of zeolite columns used to remove
ammonia is in Chapter 2.

Experimental Methods
Experimental Procedure for Zeolite and IX Column Testing
Acrylic burettes, 1.1 cm ID, were used as columns for zeolite and ion exchange testing. The
columns were run in down flow mode. Each column was loaded with cotton at the bottom to
avoid tip clogging, followed by 0.5” – 1“ of 1 mm glass beads to stabilize the flow leaving the
burette. The exchange media (i.e zeolite or IX) was then placed in deionized water and loaded
above the glass beads. The media bed was compacted by tapping the side of the column with a
rubber mallet. After the column was compacted the depth of the bed was measured with a
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tape measure. The depth of the bed was then used to calculate the size of bed volume. A
perforated rubber stopper was used to plug the top of the columns. A plastic adapter was
inserted into the rubber stopper opening to connect the pump silicon tubing to the top of the
column. The other end of the tubing was then run to one of three peristaltic pump heads which
were driven by a single Cole Parmer peristaltic pump driver. Up to 3 columns were run
simultaneously for all testing. Through preliminary testing it was found that each pump head
would pump at a slightly different rate. The volume of liquid passed through the column was
measured to calculate the actual flow rate through each column. Sample volumes of 25 mL
were collected every hour from the column effluent and tested for TAN within 8 hours of
collection. The laboratory temperature was stable at 25 °C during all tests unless stated
otherwise.
All treated volumes were normalized to the volume of the media bed so that they could all be
directly compared. One bed volume (BV) corresponds to a volume of water equal to the total
volume of the media in the column (including pore spaces). Column adsorption breakthrough
curves were plotted which compare the outlet concentration to total bed volumes treated. To
meet water quality criteria for ammonia discharge, the point at which ammonia first begins to
pass through the outlet is of great significance. In order to quantify this point of ammonia
breakthrough, the point where 10% of the inlet ammonia passes through the outlet is
considered the beginning of the breakthrough curve. In order to further describe the outlet
concentration, if it quickly increases after 10% breakthrough or slowly increases, the point
where 50% of the inlet concentration passes through the outlet is also calculated. All
breakthrough values are calculated as linear interpolated values between two measured
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concentrations with the breakthrough C/C0 occurring between them. In instances where the
C/C0 = 0.5, breakthrough did not occur prior to the end of the test so linear extrapolation was
used on the last two measured values to calculate approximate breakthrough. Extrapolated
values were marked with an E superscript.
Characterization of mine WWTP Effluent
Originally, two 5-gallon containers of wastewater generated from a gold mine in Alaska were
shipped to the UNLV Environmental and Water Quality Laboratory. Samples were sent to Silver
State Analytical Laboratories in Las Vegas, NV for analysis of major dissolved ion species. The
concentration of the major dissolved ionic species present in the wastewater is listed in Table 7.
Table 7 – Water Quality Parameters Measured in WWTP Effluent Discharge from an Alaskan
Gold Mine
Parameter
Chloride
Fluoride
Nitrate + Nitrite
Sulfate
Calcium
Magnesium
Sodium
pH
Ammonia
Potassium
Hardness

Sample 1
108
ND
10.5
140
72.1
ND
66.3
7.4
1.16
7.2
240

Sample 2
34.2
ND
3.97
227
85.8
ND
23.7
7.4
1.44
16
260

Unit
mg/L
mg/L
mg/L as N
mg/L
mg/L
mg/L
mg/L
mg/L
mg/L as N
mg/L
mg/L as CaCO3

Water used in this mine consisted primarily of snowmelt, and the concentrations of dissolved
components present in the wastewater would change depending on daily mining operations, as
demonstrated by the variation in the wastewater effluent concentrations. Additional samples
shipped to UNLV to continue the research were only tested for hardness, ammonia and
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potassium. Ammonia, potassium and hardness were tested in the UNLV Environmental and
Water Quality Laboratory using a HACH DR 5000 Spectrophotometer and official HACH
methods and reagent (Table 8). pH was measured using a three point calibration using pH 4.01,
pH 7.01 and pH 10.01 standards.
Table 8 – Analytical Methods Used To Measure Ammonia, Potassium and Hardness
Test Parameter
Nitrogen, Ammonia
Potassium
Hardness

HACH Method
Salicylate Method
Tetraphenlyborate Method
Indicator / EDTA Titration

Measurement Range
0.02 – 2.5 mg/L NH3-N
0.1 to 7.0 mg/L K
20 ppm CaCO3 per drop

The remote location of Alaskan WWTP limited the amount of WWTP effluent that could be
exported to the laboratory for testing. A synthetic effluent solution was created in the
laboratory to simulate WWTP water for many of the tests.
Using the stock solutions shown in Table 9, batches of synthetic effluent were prepared on an
as needed basis, 2 liters at a time. For each batch 20 mL of Na standard, 20 mL of Ca standard, 2
mL of NH4-N standard per mg/L-N, and 1 mL of K standard per mg/L-K were used. Deionized
water was then used to complete the 2-L batch. Therefore all synthetic effluents contained 70
mg/L Na⁺ and 90 mg/L Ca²⁺ along with TAN and K⁺ that varied depending on the test being
done.
Table 9 – Stock Solutions to Create Synthetic Effluent
Standard
TAN
K⁺
Na⁺
Ca²⁺

Target Concentration
1000 mg/L as N
2000 mg/L
7000 mg/L
9000 mg/L
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Salt Used
NH₄Cl
KCl
NaCl
CaCl₂+2H₂O

Salt Added
1.91 g/L
1.91 g/L
8.89 g/L
16.51 g/L

Testing Performance of Different Ion Exchange Media to Remove Ammonium
Six ion exchange media were selected based on recommendations from manufacturers
(Purolite SIR-600 and MN 500; ResinTech SIR-600 and CG8) as well as through independent
research (Bear River Zeolite) and with supplies that were already on hand (Lanxess TP 207)
(Table 10).
Table 10 – Ion Exchange Medias Tested To Remove Ammonium from a Gold Mine Effluent
Mfg.

Exchange Matrix
Media

Functional
Group

Capacity
BV (mL)
(meq/mL)

Flow Rate
(BV/h)

Bear River

Natural
Zeolite

Clinoptilolite

Aluminate

1.2

49 ( ± 0)

16.9 ( ± 0)

ResinTech
Purolite
ResinTech
Purolite
Lanxess

SIR-600
MN 500
CG8
SST-60
TP 207

Clinoptilolite
PS/DVB
PS/DVB
PS/DVB
PS/DVB

Aluminate
Sulfonic Acid
Sulfonate
PS-Sulfonate
Iminodiacetic
acid

1.2
0.8
1.9
1.2
2.0

45.9 ( ± 0)
40.4 ( ± 0.6)
42 ( ± 0.9)
42.3 ( ± 0.8)
38.8 ( ± 0.6)

18.6 ( ± 1.3)
23.9 ( ± 1.3)
35.7 ( ± 3.6)
21.1 ( ± 1.8)
36.1 ( ± 2)

Each resin was utilized to treat synthetic effluent containing 70 mg/L Na⁺, 90 mg/L Ca²⁺, 20
mg/L K⁺ and TAN of 2, 4 and 6 m/L as N. Average bed volume and flow rate are shown in Table
10 along with standard deviation in parentheses. Due to the differences in kinetics between
synthetic resins and natural zeolites, higher flow rates were chosen for synthetic media than for
zeolites while remaining reasonably low for comparison.
The two highest performing ion exchange media based on BV and cost were chosen for further
testing, namely BRZ and CG-8.
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Comparison of BRZ Performance with WWTP Effluent and Synthetic Effluent
In order to verify synthetic effluent as a suitable surrogate for the WWTP effluent, column tests
were run to compare the performance of BRZ for each. The average bed volume and flow rate
are shown in Table 11. The concentrations of ions in the test solutions were not measured but
were assumed to be as described in the effluent water descriptions above.
Table 11 – Test Parameters for Comparison of BRZ Performance with WWTP Effluent and
Synthetic Effluent
Parameter
Bed Volume (mL)
Flow Rate (BV/h)
TAN (mg/L as N)
K⁺ (mg/L)
Na⁺ (mg/L)
Ca²⁺ (mg/L)

Average (Std. Dev.)
47.7 ( ± 0.8)
19.2 ( ± 0.1)
4
10
70
90

Testing Impact of Temperature on BRZ Performance
The performance of BRZ was compared at a near freezing temperature in order to determine
the suitability of BRZ in cold climates. In order to test low temperatures, a column was placed
inside of a full size laboratory refrigerator and a thermometer was used to verify a stable 5 °C
temperature. WWTP effluent was used in this test. Potassium and ammonia were measured
initially and spiked with standard solution in proportion to bump the concentrations up to the
measured values shown in Table 11.
Testing Impact of Potassium and Flow Rate on BRZ and CG8 Performance
Because of the selectivity of potassium over ammonia in clinoptilolite zeolite, the impact of
potassium on the performance of BRZ was demonstrated by running three columns at different
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potassium concentrations (Table 12). The test was then repeated at a lower flow rate to
quantify the impact of flow rate as well. The impact of potassium on the performance of CG8
was done by testing different potassium concentrations. Flow rate was not changed in this test
due to the faster kinetics of synthetic ion exchange resins (Alexandratos, 2009).
Table 12 - Test Parameters for Impact of Potassium and Flow Rate on BRZ and CG-8
Performance
Parameter
Bed Volume (mL)
Flow Rate (BV/h)
TAN (mg/L as N)
K⁺ (mg/L)
Na⁺ (mg/L)
Ca²⁺ (mg/L)

BRZ Average (Std. Dev.)
45.9 ( ± 2.7)
16.7 – 40.8
4
0 - 20
70
90

CG-8 Average (Std. Dev.)
42.9 ( ± 1.7)
39.2 ( ± 3.6)
4
0 - 20
70
90

Testing Impact of Na⁺ Pretreatment of BRZ on its Performance
Regenerated BRZ of the Na⁺ form was tested in order to compare the performance to its virgin
natural state. Conversion BRZ to Na⁺ form was done by passing 20 BV of 10% NaCl by counterflow through the zeolite bed at 22.8 BV/h. The column was then rinsed with DI water prior to
running columns with varying TAN concentrations. Once the BRZ was in the Na⁺ form, the
column was tested according to the same parameters listed in Table 10 for BRZ.
Summary of Tests
Because of the many different types of tests performed in this investigation, Table 13
summarizes the different independent variables that were modified for impact on ion exchange
media performance.
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Table 13 – Table Summarizing the Different Tests Performed
Type of Test
Performance of Different Ion
Exchange Media to Remove
Ammonium
Comparison of BRZ
Performance with WWTP
Effluent and Synthetic
Effluent
Testing Impact of
Temperature on BRZ
Performance
Testing Impact of Potassium
and Flow Rate on BRZ and
CG8 Performance
Impact of Na⁺ Pretreatment
of BRZ on its performance

Variable
Ion Exchange Media

Value
BRZ, SIR-600, MN 500, CG8, SST60, TP 207

Type of Influent Treated

Synthetic WWTP effluent
Mine WWTP Effluent

Temperature

5°C
25°C

Type of Media
Potassium Concentration
Flow Rate
Use of a pretreatment wash

CG-8, BRZ
0 mg/L-K, 10 mg/L-K, 20 mg/L-K
16.7 BV/h, 40.8 BV,h
Natural BRZ
BRZ with Na⁺ wash

Results
Efficiency of Different Ion Exchange Media to Remove Ammonium using Synthetic Effluent
Each resin reached its breakpoint ratio limit (10% breakthrough, C/C0 = 0.1 or 50%
breakthrough, C/C0 = 0.5) after about the same number of BV treated within the range of TAN
concentrations tested (Table 14). So while on a mass concentration basis the TAN concentration
would be less for 2 mg/L as N than for 6 mg/L as N, the C/C0 ratios were about the same. This
can be explained by the fact that during ion exchange the difference in concentration in the
solid phase and liquid phase is a driving force for the exchange mechanism, therefore the
removal efficiency of any particular ion increases with the concentration of that ion (Ding and
Sartaj, 2015). Since only the ammonia concentration is changing in these column tests, it should
follow that more total mass is removed at higher TAN concentrations as well.
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One exception occurs with BRZ at the 4 mg/L as N concentration. The mass concentration for
the breakthrough curve for this column test does not neatly fall between the mass
concentrations of 2 mg/L as N and 6 mg/L as N (Figure 4, A) as would be expected from the
other breakthrough curves. Instead it seems to more closely follow the 6 mg/L as N
breakthrough curve up until 124 BV. Past 124 BV it begins to fall in between the lower and
higher value. The extrapolated 50% breakthrough value then becomes close to the other two
TAN concentration tests. If we follow the previous logic we should be able to assume that the
performance of the 4 mg/L as N column should be approximately 87 BV as well for the 10%
breakthrough.
The breakthrough curves for zeolite appear to be nonlinear at first up until 50 BV for BRZ and
200 BV for SIR-600 after which they curves appear very linear (Figure 4, A, E). This is quite
different than the behavior of the synthetic ion exchange resins. MN-500, CG-8, and SST-60 all
have C/C0 = 0 values for a period before they begin to quickly breakthrough in a non-linear
trend (Figure 4, B, D, F). The behavior of TP-207 (Figure 4, C) is unique to the other ion
exchange media tested. This is most likely due to the functional group of the resin which is
specialized for heavy metal removal (multi-valent cation). Additionally, the difference between
the number of BV treated between the 10% breakthrough and the 50% breakthrough of zeolite
is much larger than the difference in synthetic exchange resins. In other words, the rate of
increasing concentration leaving the column, or rate of breakthrough is much slower with
zeolite than with synthetic media.
The difference in linearity and rate of breakthrough for zeolite and synthetic resin is most likely
due to the kinetics of exchange with zeolite, which are much slower for zeolite. For the zeolite
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columns, as they begin to become exhausted and the available exchange sites decrease, the
effective retention time that occurred with ammonia solution and available exchange sites
decreased as well. This would lead to a breakthrough occurring earlier and the rate at which the
concentration was increasing leaving the column decreasing. Whereas with synthetic exchange
resins, which have a much higher kinetics of exchange rate due to larger pore size, the
retention time does not play as large of a factor in the exchange process. Therefore, as the
synthetic resin becomes exhausted, there is no change in the behavior of the column until the
resin is almost completely saturated, at which point most of the ammonia would begin to pass
through at the same time.
Overall, the highest performing ion exchange media for ammonia removal from the synthetic
effluent were SIR-600 and SSTC-60. Both SIR-600 and SSTC-60 resin are specialty resins with
high (> $150/ft3) resin cost. BRZ is significantly cheaper than SIR-600 and although its
performance is not as good as SIR-600, the lower cost ($7.50 - $10/ft³) makes it a better
candidate for further testing. The next highest performing synthetic resin was CG-8. CG8 is a
good candidate as it is a very low cost resin ($65/ft³). MN 500 did not perform as well as CG-8
and thus it will not be considered further. The performance of TP 207 was not good in
comparison to the others. Thus one can exclude it for any further consideration. The rest of the
studies focused on BRZ primarily as it is the lowest cost, and CG-8 was tested as an alternative.
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(A)

(B)

(C)

(D)

(E)

(F)

Figure 4 – Breakthrough Curve for (A) BRZ, (B) CG-8, (C) TP 207, (D) MN 500, (E) SIR-600, (F)
SSTC-60 Showing Relationship Between BV Treated for Synthetic Effluent with TAN
Concentrations of ( ) 6 mg/L as N, ( ) 4 mg/L as N and ( ) 2 mg/L as N.
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Table 14 – 10% and 50% Breakthrough Values for the Six Ion Exchange Medias Tested.
TAN (mg/L as N):
BRZ:
CG8:
TP 207:
MN500:
SIR-600:
SSTC-6:

10% Breakthrough BV (C/C0 = 0.1)
2
4
6
87
68
87
172
164
164
62
51
55
100
100
96
201
205
202
203
194
193

50% Breakthrough BV (C/C0 = 0.5)
2
4
6
E
E
220
204
215E
229
225
222
114
116
123
125
125
118
E
E
550
356
332E
227
234
229

Testing BRZ with WWTP Effluent and Synthetic Effluent
The synthetic effluent resin test reached 10% breakthrough slightly sooner than the WWTP
effluent (Table 15). This difference could be caused by different concentrations of calcium ions
between effluent and synthetic effluent. The 90 mg/L calcium concentration chosen for the
synthetic effluent was a decision to simulate a more conservative, higher concentration of
competing ions. It would be more conservative to have a synthetic effluent solution that breaks
through sooner than the WWTP effluent. This earlier 10% breakthrough may be because as the
test solution flows through the column, the exchange sites at the top of the column would
become saturated with ammonium and potassium due to their high selectivity. As the test
solution continues to pass through the column, but before leaving the column, all potassium
and ammonium ions were removed. This leaves only calcium and sodium in the solution. Since
there were no competing ions with calcium at this point, the calcium begins to saturate
exchange sites near the bottom of the column. Koon and Kauffman (1975) demonstrated that
calcium loaded zeolite causes breakthrough of ammonium sooner than sodium loaded zeolite.
Although this may seem counterintuitive because of the low selectivity of calcium ions, once
the zeolite has been loaded with calcium, it is more difficult to remove the calcium because of
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the interaction between the hydrated radii and the channels within the clinoptilolite
framework. In other words, the concept of selectivity is not as straightforward as just which ion
is more preferred over the other. Instead it is the relationship between which ion is loaded on
the zeolite already and how easily that ion can be exchanged based on its radius. Around 200
BV treated, the TAN concentrations converge up through the 50% breakthrough at 290 BV. As
the column is further utilized, less exchange sites near the bottom of the column would be
saturated with calcium. Thus, the impact of the different calcium concentrations between the
two test solutions would become less pronounced.
While the breakthrough curves for synthetic effluent and WWTP effluent did not completely
overlap, their closeness is considered sufficient to support testing with the synthetic water. The
synthetic effluent has a more conservative breakthrough during the early stages (Figure 5).

Figure 5 – Breakthrough curves comparing number of BV treated with a column run with WWTP
effluent and with synthetic effluent.
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Table 15 - 10% and 50% Breakthrough Values for BRZ Columns Treating WWTP Effluent and
Synthetic Effluent.
Test Solution:
10% Breakthrough BV (C/C0 = 0.1)
50% Breakthrough BV (C/C0 = 0.5)

WWTP Effluent
104
290

Synthetic Effluent
80
291

Testing Impact of Temperature on BRZ Performance
The breakthrough curve for the solution at 25°C is slightly above the 5°C curve, although this
difference is extremely small (Figure 6). This difference in breakthrough BV (Table 16) may be
the result of slightly different potassium concentration in the 5°C solution, 9.6 mg/L, compared
to the 25°C solution which was 10.0 mg/L. Additionally, the change in temperature is not large
enough that the equilibrium constant for ammonia would change enough to affect ion
exchange. As demonstrated earlier, potassium concentration strongly affects BRZ performance.
Thus the results here agree with published literature that zeolite ion exchange is temperature
independent (Ding and Sartaj, 2015).

Figure 6 – Breakthrough Curve Comparing WWTP Effluent Treated With BRZ Column at
Different Temperatures.
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Table 16 – 10% and 50% Breakthrough Values for BRZ Columns Treating WWTP Effluent at
Different Temperatures
Test Solution:
Temperature (°C)
10% Breakthrough BV (C/C0 = 0.1)
50% Breakthrough BV (C/C0 = 0.5)

WWTP Effluent
5.0
113
312

WWTP Effluent
25.0
104
291

Testing Impact of Potassium and Flow Rate on BRZ Performance
There is a consistent decline in BV treated before breakthrough with BRZ and increasing
potassium concentration as well as increasing flow rate (Table 17). However, the 10%
breakthrough was less affected by potassium concentration than the 50% breakthrough. Due to
the selectivity of potassium over ammonia it was expected that the longer the column run, the
more potassium would be loaded onto the column and thus the less efficient it would be at
removing ammonium. With increasing potassium concentration in the synthetic effluent the
impact of flow rate on reduced column performance also decreased. This was represented by
the slope of the linear regression of each line (Table 18). As the potassium concentration
increased there was a smaller slope, indicating a smaller impact on the BV treated at
breakthrough. The actual change in BV due to the change in flow rate should not be linear since
0 BV would actually be treated at a flow rate of 0 BV/h. However, over the short interval the
linear approximation should be suitable since the difference in BVs was not significant enough
to result in loss of information when assuming linearity.
The impact of flow rate can be explained by the microporous channels in clinoptilolite making it
difficult for ions to diffuse through. Although efficiency increased at lower flow rates,
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decreasing flow rates would require larger bed volumes in order to treat the same volume of
water such as in a WWTP with fixed daily effluent volumes. For example, changing the flow rate
from 20 BV/h to 40 BV/h would require twice as much media to obtain the same contact time.
The impact of potassium came from an inherit preference for potassium ions over ammonium
ions in clinoptilolite zeolites. Since potassium and ammonium have similar hydrated radii, the
selectivity of potassium would come from its higher ionic potential (Conway, 1981).
Testing of different potassium concentrations with CG-8 indicate that CG-8 had a higher
selectivity of ammonium ions than potassium ions due to how all the breakthrough curves
overlap (Figure 7, C). The macroporous framework of synthetic exchange resins increased the
kinetics of ion exchange but did not reject divalent cations like calcium like clinoptilolite.
Therefore the curve is much different than that of zeolite (Figure 7). The C/C0 ratio was very
small up until about 150 BV after which breakthrough increased quickly. Also the inlet TAN
concentration was 4 mg/L as N for this test and the maximum outlet concentration measured
exceeded 5 mg/L as N. This was the result of resins having higher selectivity for hardness
calcium. Once the resin became saturated, calcium began to displace ammonium on the resin
so that the TAN concentration leaving the column was greater than the TAN concentration
entering it.
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(A)

(B)

(C)

Figure 7 – Breakthrough Curves for BRZ (A) 39.8 ± 0.9 BV/h; (B) 18.3 ± 1.4 BV/h; and CG-8 (C)
39.2 ± 3.6 BV/h Columns Treating Synthetic Effluent with Different Flow Rates and Potassium
Concentrations. ( ) 20 mg/L as K, ( ) 10 mg/L as K and ( ) 0 mg/L as K.
Table 17 – 10% and 50% Breakthrough Values for BRZ Columns Treating Synthetic Effluent With
Different Flow Rates and Potassium Concentrations.
Media:

BRZ

BRZ

BRZ

BRZ

BRZ

BRZ

CG-8

Flow Rate (BV/h)
K⁺ (mg/L)

19.0
0.0
107
369

19.1
10.0
79
282

16.7
20.0
68
204E

39.7
0.0
62
294

39.0
10.0
52
227

40.8
20.0
46
175

39.2 ( ± 3.6)
0.0
10.0 20.0
170
171
164
223
234
225

Breakthrough BV (C/C0 = 0.1)
Breakthrough BV (C/C0 = 0.5)
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CG-8

CG-8

(A)

(B)

(C)

(D)

Figure 8 – Comparison on BV Treated at 10% and 50% Breakthrough for BRZ with Different Flow
Rate and Potassium Concentrations. (A) and (B) C/C0 = 0.1; (C) and (D) C/C0 = 0.5; ( ) 18.3 ± 1.4
BV/h, ( ) 39.8 ± 0.9 BV/h; ( ) 0 mg/L as K, ( ) 10 mg/L as K, ( ) 20 mg/L as K
Table 18 – Linear Regression Values for Figure 8
|slope| intercept
3.6
438
2.8
335
1.2
224
2.2
148
1.4
105
0.9
83
8.3
368
6.0
262
2.0
104
0.8
61

0 mg/L (C/C0 = 0.1)
10 mg/L (C/C0 = 0.1)
20 mg/L (C/C0 = 0.1)
0 mg/L (C/C0 = 0.5)
10 mg/L (C/C0 = 0.5)
20 mg/L (C/C0 = 0.5)
18.3 ± 1.4 BV/h (C/C0 = 0.1)
39.8 ± 0.9 BV/h (C/C0 = 0.1)
18.3 ± 1.4 BV/h (C/C0 = 0.5)
39.8 ± 0.9 BV/h (C/C0 = 0.5)
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r2

0.99
0.99
0.94
0.97

Testing Impact of Na⁺ Pretreatment of BRZ on its Performance
Pretreatment of BRZ with NaCl brine shows a significant increase in BRZ performance compared
to its virgin natural state (Table 19). Although the test was not long enough to get a 50%
breakthrough value (Figure 9), the measured 10% breakthrough curve is significantly greater
than when BRZ was run under identical conditions without pretreatment (Table 14). The 10%
breakthrough for untreated BRZ was 87, 68 and 87 from the first test, compared to 152, 128
and 108. Although the performance has increased there was a trend in this case where there
was not a trend in the untreated case. Naturally occurring clinoptilolite contains potassium,
sodium, calcium and magnesium ions. The pretreatment replaces any ions naturally occurring in
the clinoptilolite framework with sodium ions. Sodium exchanges very well with ammonium
because its selectivity is higher and the hydrated radii does not interfere with the framework
channels where exchange takes place. Although the treatment increased the performance of
BRZ, it did not increase it to the level that SIR-600 had. Pretreatment of 10% NaCl was treated
for 24h to 14 days in previous studies (Inglezakis and Zorpas., 2012), so the relatively short
contact time used in this experiment may not have been long enough to fully convert BRZ to
the sodium form.
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Figure 9 – Breakthrough Curve for Na+ Pretreated BRZ Treating Synthetic Effluent with Different
Potassium Concentrations
Table 19 – BV Treated for 10% and 15% Breakthrough of Na+ Pretreated BRZ Columns Treating
Synthetic Effluent with Different Potassium Concentrations
Test Solution:
TAN (mg/L as N)
10% Breakthrough BV (C/C0 = 0.1)
50% Breakthrough BV (C/C0 = 0.5)

Synthetic
Effluent
2.0
152
469E

Synthetic
Effluent
4.0
128
266E

Synthetic
Effluent
6.0
108
231E

Conclusion and Implications
This investigation has shown that BRZ and CG-8 both are effective methods of removal of low
level ammonium from mine WWTP effluent. Either media would effectively remove ammonia
to levels suitable for meeting environmental discharge requirements. Additionally, BRZ and CG8 performed competitively with higher priced specialty media making them cost effective
options. Low temperatures did not affect performance of BRZ thus operation in cold climates is
not an issue for concern. While BRZ performance decreases with increased flow rate and
increased potassium concentrations, CG-8 is not affected by potassium concentration; and
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increased flow rate is not expected to have an impact on CG8 performance. Therefore BRZ,
while having the lowest bulk cost, has more stringent operating parameters which may
interfere with existing operations. For example, a commonly used coagulant used in the
removal of suspended solids in waste water treatment is potassium permanganate which may
be a significant source of potassium that will interfere with removal of ammonia with BRZ.
Additionally, BRZ reaches 10% breakthrough quickly compared to CG-8 but the breakthrough is
much more gradual. This could lead to increased monitoring requirements for BRZ, as complete
ammonia removal is only achieved during the early loading stages. Mixing with untreated
effluent to maintain a constant effluent concentration will require adjustment during the
loading phase. Finally, virgin natural zeolite increased performance when modified to the Na+
form. The benefit of this increased performance however has added cost and complexity
associated with it. Because the brine solution used to wash the zeolite, prior to its first use, will
contain the naturally occurring ions it should not be reused and must be safely disposed of. In
conclusion, the breakthrough curves generated with zeolite and ion exchange for the mine
wastewater may be used by other mining companies as a gauge to the treatment of water with
similar characteristics. However, the added complexity in operation described earlier would
need to be weighed against the cost savings when comparing BRZ zeolite and CG8 resin use.
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CHAPTER 4 – TREATMENT OF AMMONIA IN SULFIDIC CAUSTIC SOLUTIONS FROM
SPENT OIL REFINING USING CHLORAMINATION
Introduction
Caustic soda solutions are used in the spent oil re-refining industry for removal of sulfur
compounds from hydrocarbon streams that may contain ammonia. During caustic scrubbing,
compounds are absorbed resulting in waste streams known as sulfidic caustic solution (SCS) or
spent caustic (de Graaff et al., 2011, Hawari et al., 2015, Ben Hariz et al., 2013, Üresin et al.,
2015). SCS is a dark brown to black effluent with high alkalinity (pH > 12), salinity (5–12 wt%)
and high sulfide levels (1–4 wt%), and other toxic aromatic compounds (Sulfidic Caustic Solution
MSDS, 2013). Sulfidic caustic solutions (SCS) are deemed hazardous materials by definition.
However, if treated to remove undesirable components, these solutions can be reused in many
applications. One application is reuse as caustic in the pulp and paper industry (Sipma et al.,
2004). Reuse of SCS is desirable because it conserves raw materials and is a more sustainable
alternative to simply disposing of SCS into hazardous waste landfills.
SCS’s major constituents of concern are organics (e.g. 2-butanone carbon tetrachloride,
toluene, benzene, etc.), sodium hydroxide, ammonia, and sulfides. Typically advanced
oxidation with hydrogen peroxide is used to oxidize the major organic compounds and sulfide
contained in the waste streams (Ahmad et al., 2009). The treated wastewater generated from
the advanced oxidation units can be reused, if an appropriate industry is available close to the
source. However, when no industry that can reuse the treated waste stream is available in the
proximity of the oil re-processing facility, the wastewater must be discharged into a publically
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owned treatment works (POTW). POTWs have strict regulations regarding the composition of
waste streams that they can receive and additional treatment may be needed. Additional
removal of biochemical oxygen demand (BOD), TDS, and ammonia may be required sometimes
before these solutions are accepted by POTWs.
Given the high pH of SCS, air stripping would be a very advisable technology to remove
ammonia from these streams. Considering the stream contains total organic carbon varying
from 2000-5,000 mg/, biological treatment, nitrification, would also be a good candidate
technology, depending on the cost for pH adjustment and the presence of compounds that
could be toxic to bacteria. However, for refineries located in the proximity to neighborhoods,
air stripping may not be an acceptable option or it can be too costly. Because the technologies
to be used have to be easy to implement and inexpensive, chloramination and zeolite
adsorption may be good candidates for treatment. The extremely high concentration of
ammonia present makes zeolite adsorption a potentially unattractive alternative, however.
The addition of chlorine to alkaline ammonia solutions causes a complex series of chemical
reactions where chlorine combines with ammonia to form primarily monochloramine, to a
lesser extent dichloramine, and a near absence of trichloramine (McKee et al., 1960). At low pH,
the concentration of monochloramine dominates over dichloramine because of the high
concentration of ammonia in this solution. Even the small amount of dichloramine that does
form reacts quickly with monochloramine and forms nitrogen gas, removing nitrogen from the
solution as it bubbles out (Jafvert and Valentine, 1992). The detailed equations used to model
breakpoint chlorination reactions are explained in detail in Chapter 2. The simplified overall
reaction for nitrogen removal via breakpoint chlorination is shown in Eq. 39 (Lee, 2007):
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2𝑁𝐻3 + 3𝐻𝑂𝐶𝑙 → 𝑁2(𝑔) + 3𝐻 + + 3𝐶𝑙 − + 3𝐻2 𝑂

Eq. 39

Therefore, the upper limit of the ammonia removal per chlorine dose (Δ[N]/[Cl₂]) is 0.67 moles
of N per mole of HOCl. However, in practice, this value is often closer to 0.5 [N]/[Cl₂]. (Jafvert
and Valentine, 1992). Additionally, the kinetic relationships that govern nitrogen evolution
depend on the concentration of ammonia, chlorine and the different species of chloramine.
These values are rapidly changing during nitrogen evolution and require complex models to
describe with accuracy (Yiin and Margerum, 1990).
In this research, chloramination will be investigated as a potential technology to remove
ammonia from sulfidic caustic solutions from the oil-refining industry. Major parameters
including different mixing conditions, chlorine doses and chlorine application rates at and
before equilibrium conditions on ammonia nitrogen were investigated.

Methodology
Chloramination Test 1
Sulfidic caustic solution (SCS) was shipped to the UNLV laboratory from a spent oil re-refinery
plant in Chicago. The water contained extremely high levels of ammonia (>6000 mg/L). Batch
experiments were performed using 1-L glass reactor placed on a stirring plate and fitted with
magnetic stirrer. Three hundred mL of SCS were added to the vessel. The solution was
continuously stirred. Initial ammonia, total chlorine and monochloramine concentrations were
measured. A chlorine solution containing 4.2% as Cl₂ was added in 15 mL increments every 5
minutes until 300 mL was transferred. The resulting solution was loosely covered and allowed
to react for 24 hours in order to ensure a complete chlorine reaction. After 24 hours had
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passed, concentrations of ammonia, total chlorine and monochloramine were measured. Then,
an additional chlorine dose was administered following the same procedure described above.
After an additional 24 hours concentrations in the final treated solution were again measured.
Chloramination Test 2
Test 2 was performed with 4 reactors running simultaneously. Each reactor started with 500 mL
of SCS in a 1 L glass reactor. The chlorine concentration was full strength, 8.6% as Cl₂ chlorine
bleach. Two reactors were mixed by recirculating SCS with a peristaltic pump. Bleach was
injected in to the inlet tube of the recirculating pump in order to apply the desired chlorine
dose. One reactor was dosed with a higher flow rate (“fast”) at 250 mL per hour and one
reactor was dosed at a lower flowrate of at 50 mL/hr. (“slow”). The remaining two reactors
were mixed with magnetic stir plates and stirrers. Bleach was slowly dripped in to one of the
solutions (50 mL/hr). In the fourth reactor bleach was added fast by directly pouring the bleach
directly in to the solution while avoiding overflowing due to violent bubble formation.
Test SCS Solution and Analytical Methods
SCS samples were shipped in 1 L glass containers to the UNLV Environmental and Water Quality
Laboratory from a spent oil re-refinery located in Chicago. Samples were stored in a refrigerator
at 5 °C upon receipt. Monochloramine, ammonia and total chlorine were measured with HACH
DR 5000 spectrophotometer using HACH reagents and methods (Table 20). Tenfold serial
dilutions were needed to bring samples to within measurement range.
The SCS studied in this research has a very high pH value > 10.5-13.6. It contains a variety of
volatile and semi volatile organics (e.g. phenols (> 60 mg/L); , 2-butanone (19,000 mg/L);
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Toluene (> 90 mg/L)), sodium (> 19,000 mg/L), chloride (1000-3,000 mg/L), sulfide (> 30,000
mg/L), ammonia (50-3,500 mg/L-N). The bicarbonate and carbonate alkalinities are >41,000
and > 99,000 mg/L as CaCO3, respectively.
Table 20 – Analytical Methods Used to characterize SCS
Test Parameter
Monochloramine
Nitrogen, Ammonia
Chlorine, Total
Total Alkalinity

HACH Method
Indophenol Method
Salicylate Method
USEPA DPD Method
Bromcresol Green-Methyl Red /
Sulfuric Acid Titration

Measurement Range
0.04 – 4.50 mg/L CL₂
0.4 – 50.0 mg/L NH₃ as N
0.05 – 4.00 mg/L Cl₂
5 - 400 mg/L as CaCO₃

Linear regressions were used in order to model the reduction in ammonia nitrogen in SCS as a
function of chlorine dose for each reactor type (mixing mode, chlorine dosage, and equilibrium
conditions). An analysis of co-variance using the t-test (Statstodo.com, 2015) was then used
(𝛼 = 0.05 𝑎𝑛𝑑 0.10) to compare the slope of the linear regressions of the individual reactors in
order to test if there was a statistical significance between the differences in the regression
slopes.

Results
The objective of this research was to investigate whether chloramination is a viable treatment
technology for SCS solutions contaminated with very high levels of ammonia. Preliminary
testing with breakpoint chlorination showed that upon addition of chlorine, violent chemical
reactions occurred and included evolution of heat and gas. This fact suggested that the
chloramination of this wastewater needed to be performed in a slower mode to better control
heat and gas bubble dissipation. The stoichiometry of breakpoint chlorination reactions indicate
that the gas bubbles release is due to nitrogen gas formation. It was envisioned based on
64

preliminary results showing high release of heat and gas bubbles, that the rate of chlorine
addition may influence the reaction rate. It was expected that slow addition of chlorine would
result in better reaction control and savings in the amount of chlorine used. In order to
measure concentrations at equilibrium conditions, measurements were taken 24 and 48 hours
after chlorine addition during chloramination Test 1. The first dose was equivalent to 1.27
mmol of Cl₂ per mole of ammonia nitrogen ([Cl₂]/[N]) and the second dose was equivalent to
2.54 [Cl₂]/[N]. A linear trend between ammonia nitrogen and chlorine addition was found and
modeled using linear regression. Combined chlorine was only detected in small concentrations
after 24 hours, all combined chlorine was measured as monochloramine. Almost all combined
chlorine (i.e. chloramine) had reacted after 24 hours (Figure 10). Application of more of chlorine
completely eliminated all combined chlorine and free ammonia (Figure 10).
The slope of the linear model was 0.393 Δ[N]/[Cl₂]. Assuming the linear model is correct, the
amount of chlorine needed to treat SCS could be calculated for any volume or starting
concentration of ammonia in order to reach any desired final concentration (Eq. 40).
𝛥[𝑁]

[𝑁]𝑓𝑖𝑛𝑎𝑙 = (− [𝐶𝑙 ]) × [𝐶𝑙2 ]𝑑𝑜𝑠𝑒 + [𝑁]𝑖𝑛𝑖𝑡𝑎𝑙

Eq. 40

2

Additionally after equilibrium conditions are reached, the final solution can be rid entirely of
ammonia nitrogen. The small amount of residual chlorine (<5 mg/L as Cl₂) could be quenched
with an addition of sodium thiosulfate if needed.
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Figure 10 – Ammonia removal plot showing the removal of ammonia with chlorine dose and
negligible (<5 mg/L as Cl₂) residual total and combined chlorine after 48 hours. Depending on
the line, the Y axis represents the molar concentration for either monochloramine (as Cl₂), free
ammonia as N or total chlorine (as Cl₂) in the solution.

In Figure 11, A through D, four different reactors show a similar ammonia nitrogen removal
slopes as a function of chlorine dose as in the first test and each other (similar slope value, high
r^2) for all mixing conditions and dosage rates. In order to test for the statistical significance of
the slight differences in slope for all tested reactors an analysis of co-variance using the t-test
was used. A combined data group consisting of all data points from reactor A through D was
created based on the null hypothesis that there was no significant difference in the slope of
each reactor for ammonia removal (Figure 11, E). At the 95% confidence interval, the p values
for all regression lines were not significantly different (Table 21); at 90% the significance of the
difference in the slope of reactor (B) is just barely considered not statistically significant (Table
21). However, in the case of reactor (B), even if the difference was significant, the magnitude of
the difference was still small, about 0.05 additional mole of ammonia nitrogen removed per
mole of chlorine dosed. Additionally, the significance in the difference of the slope for Test 1
and the combined data had a p-value greater than 0.1 meaning the null hypothesis could not be
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rejected either. This means that waiting for complete ammonia reaction also did not have a
significant impact on the amount of ammonia removed relative to chlorine dose compared to
the other reactors as well.
In conclusion, this research confirms the suitability of chloramination for ammonia removal
from refinery spent caustic solutions. Additionally, the relationship between the chlorine doses
needed to remove ammonia nitrogen from SCS was measured between 2.54 and 2.01 [Cl₂]/[N].
Assuming linearity, this slope could be used to calculate the chlorine dose needed to treat any
volume of SCS with any ammonia concentration. Therefore, the results of this research have
practical implications and can be directly used by the oil re-refining industry to remove
ammonia from SCS solutions. Finally, the different reactor configurations or equilibrium
conditions did not prove to have any statistically significant impact on the [Cl₂]/[N] ratios. The
differences in slopes therefore are most likely to have been caused by random errors such as
loss of solution due to loss of solution from bubbling, the inaccuracy of the volume
measurements (±5% rated accuracy of measuring apparatus) and the use of serial dilutions
without replication during analysis.
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(A)

(B)

(C)

(D)

(E)

Figure 11 – Plot of free ammonia in (A) pump recirculation reactor with fast dosage rate; (B)
pump recirculation with slow dosage rate; (C) continuously mixed reactor with slow dosage
rate; (D) continuously stirred reactor with fast dosage rate; and (E) the plot of combined data
for all four reactors
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Table 21 – Results for the four reactors tested and their combined result, additionally the
results for the 48-hour test were added for comparison. P-value is a t-test for significance of the
difference in the slope compared to the combined data of the four reactors
Result
(A)
(B)
(C)
(D)
Combined
48-hr Test

Mixing Method
Pump Recirculation
Pump Recirculation
Magnetic Stirrer
Magnetic Stirrer
N/A
Magnetic Stirrer

Dosage Rate
Fast
Slow
Slow
Fast
N/A
N/A

Δ[N]/[Cl₂]
0.452
0.497
0.454
0.457
0.457
0.393

r²
0.99
1.00
0.91
0.99
0.96
0.99

p-value
0.755
0.103
0.414
0.906
N/A
0.422

Conclusion and Implications
Ammonia nitrogen removal via chloramination has been demonstrated to be an effective
process in refinery spent caustic solutions. Although chloramination is common in wastewater
treatment, its use to treat SCS solutions has not been reported in the literature up until this
point. Chlorine to nitrogen dose ratios generated in this research can be used by industry to
treat similar waters. Since the mixing method and time were found to not impact the efficiency
of ammonia removal from SCS, existing SCS storage solution could be retrofitted to implement
ammonia removal via chloramination. This means that the ammonia treatment processes could
be added to existing infrastructure, reducing cost and eliminating the need for an entirely new
unit operation for ammonia treatment. Results show that the reaction between ammonia and
chlorine occurs instantly although the evolution of nitrogen gas was much slower. As stated
previously, the mixing method used to add chlorine to SCS has no significant impact on the
chlorine dose needed for chloramination. The capital costs related to retrofitting existing SCS
include the retrofitting of existing storage structures, or alternatively the addition of a static
mixer in a transfer pipe with chlorine injection upstream. Sources for chlorine could be from
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deliveries of concentrated chlorine solutions from industry or on site generation of chlorine
using electrolysis. Chlorine costs will depend on the ammonia concentration and the volume of
water to be treated because of to the needed molar ratio of chlorine to ammonia. In the case of
bulk hypochlorite solutions addition, there is an issue with added water volume when less
concentrated solutions are used. The less concentrated the hypochlorite solution is, the more
water will be added to the wastewater. This increase in the volume of the treated wastewater
will need to be considered in terms of the amount of solution that can be stored, transferred or
discharged. Electrolysis of the SCS solution directly is an area that warrants further
investigation. On site generation of chlorine may be possible within the SCS solution itself due
to the high chloride concentrations present; however, the caustic nature of the solution may
have detrimental effects on the electrodes.
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